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ABSTRACT 
 
This study is directed toward identifying and characterizing the bioavailability of 
both reversibly sorbed and desorption-resistant fraction of hydrophobic organic 
contaminants in natural biologically active sediments and the corresponding 
consequences to prediction, control and regulation of these contaminants. The focus is on 
polycyclic aromatic hydrocarbons (PAHs) with particular emphasis on phenanthrene and 
benzo[a]pyrene. A quantity of well-characterized and extensively desorbed sediments 
was prepared by desorbing the lab-inoculated sediment with an isopropanol and 
electrolyte solution. This procedure was proved to be a very effective method to prepare 
sediments containing contaminants largely limited to a desorption-resistant compartment.   
Accumulation of contaminants in the tubificid, Ilyodrilus templetoni, was measured after 
exposure to the prepared sediments. The uptake route of sediment-associated 
phenanthrene and benzo[a]pyrene and the effect of sediment ingestion and digestion by 
deposit feeders on the release of the contaminants from ingested sediment particles was 
also investigated. 
Desorption-resistant or sequestered fraction of phenanthrene was available to 
Ilyodrilus templetoni but with reduced availability compared to reversibly sorbed 
phenanthrene. The reduction in bioavailability was approximately proportional to the 
increase in sediment-water partition coefficient. Strong correlation of bioavailability with 
effective partition coefficient was also observed for benzo[a]pyrene.  The results of this 
study demonstrated that sediment pore water concentration defines steady state 
accumulation of PAHs in the deposit-feeding oligochaete, regardless of the route of 
uptake (via sediment ingestion or absorption from water). Therefore, bioavailability of 
 x 
 
desorption-resistant fraction of contaminant is reduced in direct proportion to the 
reduction in pore water concentration as measured by physico-chemical means (i.e. 
abiotic). Since steady state accumulation for these compounds in the deposit feeders is 
controlled by pore water concentration, extraction by gut fluids as proposed by some 
authors does not indicate bioavailability for the contaminants and organisms employed in 
this study. These conclusions would be complicated by metabolic processes that might 
occur with other compounds or in other organisms that would introduce fate processes 
other than simple partitioning. 
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CHAPTER 1  
 INTRODUCTION 
1.1 Motivation and Relevance of the Problem 
 
Soils and sediments are the ultimate sink for many hydrophobic contaminants. 
Re-suspension of contaminated bottom sediments together with bioturbation, diffusion, 
and the subsequent desorption of the sorbed contaminants can cause the sediment to serve 
as a source of contaminants to the water column. Soils and sediments also represent 
biologically important environmental habitats. The ability to accurately determine the 
effects of the sediment-associated contaminants is hampered by the uncertainty in the 
quantification of the receptor exposure. It has been assumed that the availability of the 
sorbed contaminants to biota is 100%, which may result in a “conservative” approach in 
exposure assessment. This approach potentially wastes time and money in sediment 
remediation. 
The results of many laboratory and field studies demonstrate that the effect of the 
soil or sediment-associated contaminants on the receptor is not controlled by the chemical 
measures of the total concentration of the contaminant, but instead by that fraction which 
is available for biologically mediated transformation and biological actions in an aquatic 
environment. This fraction is usually defined as “bioavailability” of the contaminant 
(Hamelink et al., 1994). For example, Paine et al. (1996) observed that although the 
maximum concentration of the total PAHs near an aluminum smelter reached 10,000 
mg/kg, the toxicity was much less than might be suggested by this high concentration. It 
has been observed that bioavailability and toxicity are inversely related to contact time 
between contaminant and soil or sediment even if total concentration does not change 
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(Landrum et al., 1992; Harkey et al., 1995). For example, Varanasi et al. (1985) 
demonstrated that recently amended PAH in sediment was more available to organisms 
than the PAH in long-term field –contaminated sediment. The limited bioavailability is 
particularly true in cases where complex physical and chemical interactions result in a 
poorly reversible “entrapment” of contaminant molecules in the sediment matrices. This 
fraction of contaminant usually desorbs less and more slowly than would be expected. 
This phenomenon is often referred to as “contaminant sequestration” or “contaminant 
desorption- resistance”, and this fraction typically increases with the age of the 
contaminant and usually with the maximum sorption capacity in specific soil or sediment 
(Kan et al., 1998). Removal or cleanup of the residual, desorption-resistant fraction is 
often most difficult and costly for remediation of contaminated soils and sediments. 
However, if this persistent fraction is not available to receptors, it may be possible to 
establish an acceptable end point for environmental cleanup that allows more 
contaminants to remain in the environment, which will result in cost savings with little or 
no increase in risk. It remains uncertain, however, whether or to what extent this 
desorption-resistant fraction is available to microbes or higher plants and animals that are 
directly exposed to contaminated soils and sediments. 
In order to establish realistic endpoints for remediation processes, the physical-
chemical and biological mechanisms that govern contaminant release and biological 
uptake from sediments must be fully understood and quantified. Therefore, the present 
study focused on two parallel paths: characterization of release of a desorption-resistant 
or aged fraction of sediment-associated contaminants, and measurement of bioavailability 
of these contaminants to candidate receptors.  Here bioavailability is defined as the total 
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quantity of contaminant ultimately available for uptake, accumulation or assimilation by 
an organism.  
1.2 Objectives of Present Study 
 
The present study is directed toward identifying and characterizing the 
bioavailability of both reversibly sorbed and desorption-resistant fraction of hydrophobic 
organic contaminants in natural biologically active sediments and the corresponding 
consequences to prediction, control and regulation of these contaminants. The studies 
utilized lab-inoculated sediment and bulk deposit-feeding freshwater tubificide 
oligochaete worms as the receptor. The studies will focus on hydrophobic organic 
contaminants with particular emphasis on polycyclic aromatic hydrocarbons (PAHs), 
which are among the most carcinogenic, mutagenic and toxic contaminants found in the 
aquatic systems (Kennish, 1992). Due to its abundance and toxicity, 16 PAHs have been 
classified as priority pollutants by the U.S. Environmental Protection Agency (Keith and 
Telliard, 1979). The freshwater deposit-feeding tubificid oligochaete, Ilyodrilus 
templetoni, is an efficient sediment processor, has been observed to degrade minimal 
amounts of the contaminants and exhibits a longer lifespan than the dominant desorption 
kinetics.  Thus, measurements of uptake and accumulation in these organisms were 
expected to be good measures of ultimate or steady state bioavailability of these 
contaminants.     
The specific objectives of this study include: 
• Characterize the partitioning and kinetics of reversibly sorbed and desorption-
resistant fraction of contaminants with particular emphasis on two PAHs, 
phenanthrene and benzo[a]pyrene. 
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• Investigate the uptake and fate of the sediment-associated contaminants especially the 
desorption-resistant compartment to a bulk deposit-feeding freshwater tubificid 
oligochaete. Investigate the correlation of the bioavailability with the desorption 
characteristics of the sediment-sorbed contaminants 
• Examine the uptake route of the sediment-sorbed contaminants and their influence on 
the bioavailability. 
• Investigate the effect of ingestion and digestion of the worms on the release of the 
desorption-resistant fraction of contaminants 
1.3 Backgrounds and Literature Review 
1.3.1 Polycyclic Aromatic Hydrocarbons (PAHs)  Chemistry and Occurrence 
 
         Polycyclic aromatic hydrocarbons (PAHs) are defined as those compounds with 
two or more fused benzene rings and often contain alkyl side groups (Meader et al., 1995). 
PAHs are among the most carcinogenic, mutagenic and toxic contaminants found in most 
coastal areas of the world, and elimination of the PAHs accumulated in sediment and biota 
usually cannot be accomplished efficiently (Meader et al., 1995). PAHs are non-polar 
organic hydrocarbons and exhibit a wide range of chemical properties. PAH aqueous 
solubilities span several orders of magnitude and decrease with increasing molecular 
weight and the hydrophobicity of the compounds. PAH properties such as 
sorption/desorption, partitioning, and availability to biota etc, are directly or indirectly 
related to their solubilities or hydrophobicity. Compound with very low water solubility or 
very high hydrophobicity tends to leave the truly dissolved state and bind to solid materials 
and becomes less available to the receptors.   
         PAHs in the environment come from both natural and anthropogenic sources 
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(McGroddy et al., 1995). Although PAHs may be synthesized by microbes and plants, or 
released by natural processes such as forest fires and marine seeps, the major sources of 
PAHs are anthropogenic (McElroy et al., 1989). Incomplete combustion of organic matter 
at high temperature will release PAHs to the environment as airborne particulates, or as 
solid or liquid by products of pyrolytic processes, and this usually produces high molecular 
weight PAHs. Low molecular weight PAHs come into the aquatic system through the 
accidentally leakage of oil spills or natural seepage (Meader et al., 1995). Due to low 
vaporization and solubility, most PAHs remain relatively near their point sources, such as 
urban and industrialized areas. The concentration of PAHs decreases dramatically with 
distance from the source, approximately logarithmically (Gearings et al., 1980).    
1.3.2 Sorption/desorption of PAHs in Sediments    
 
Due to the nature of hydrophobicity, PAHs tend to reside or partition into the 
matrices of the non-aqueous phases such as soil and sediment or an oily phase if present. 
Upon entering an aquatic system, PAHs will rapidly deposit into the sediment or soil and 
physically adsorb on the solid surface (adsorption) or partition into the organic fraction of 
the sediment (absorption), and both processes are termed as sorption (Pignatello et al., 
1996). This has led to a legacy of PAHs in the environment that now constitutes a source 
of contamination through desorption. The desorption process is of even more interesting 
to environmental scientists because it is the corresponding aqueous phase concentration 
that drives risk assessment, regulation and remediation efforts (Beckles, 2000). In fate, 
risk, and remediation models, sorption and desorption are usually modeled as a linear and 
reversible partitioning process (Karickhoff et al., 1979). 
                                                 wCpKsC ⋅=                                                               (1.1) 
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Where Cs  (mg/kg) is the contaminant concentration associated with the soil or sediment 
phase, Cw (mg/L) is the aqueous concentration, and Kp (L/kg) is the equilibrium 
sediment-water partition coefficient. Organic carbon in sediment has been believed as the 
major site of sorption for hydrophobic organic compounds in the sediment matrix 
(Karickhoff, 1981; Di Toro et al., 1991). Therefore, organic carbon normalized sediment-
water partition coefficient Koc is more frequently used, which is related to Kp by equation 
1.2: 
                                                             ocfocKpK ⋅=                                                (1.2)                               
Where foc is the fraction of organic carbon content of the sediment, which is defined as the 
ratio of the mass of organic carbon in sediment to the total mass of the sediment. 
 Koc is strongly correlated with the octanol-water partition coefficient, Kow, a measure of 
compound hydrophobicity. The relationship is often of the form (Means, et al., 1979; 
Schwarzenbach and Westall, 1981):                                             
                                         log logK a K boc ow= +                                                               (1.3) 
      Where the coefficients a and b are related to the compound and type of organic coating on 
the sorbent. Table 1.1 presents a number of values for the variables a and b in Equation 1.3.                                
Table 1.1 Correlation coefficients for relationships between log Koc and log Kow 
 
a b r2 Compound Class Reference 
1.00 -0.21 1.00 PAHs,Chlorinated hydrocarbons Karickhoff et al. 1979 
1.00 -0.317 0.98 PAHs Means et al. 1980 
0.989 -0.346 0.991 PAHs Karickhoff  1981 
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Using these equations, it is possible to estimate the PAH concentrations in the 
aqueous phase in contact with the contaminated sediment. Equation 1.1 works well to 
describe the bulk of contaminant sorption and desorption, especially for freshly added 
contaminants. Many laboratory results and field studies demonstrate, however, that a 
significant fraction of sediment-bound organic contaminants do not desorb linearly and 
reversibly, the equilibrium pore water concentration is much less than that expected by 
the conventional partitioning models (Eqn.1.1), are not biodegraded, and are difficult to 
remove by extraction with surfactants or co-solvents. This fraction usually desorbs very 
slowly and may persist much longer than would be expected by the reversibly sorbed 
contaminants and may increase with the “age” of the contaminant in sediments or soils. 
For example, Pereira et al. (1988) found that the concentration of halogenated organic 
compounds in native water, suspended sediments, and biota was far below the values 
predicted with respect to concentrations in the contaminated bottom sediments collected 
from Bayou d’Inde, Louisiana. Similarly, Readman et al. (1987) and McGroddy and 
Farrington (1995) observed a fraction of river sediment not available for partitioning. 
Adjectives such as resistant, recalcitrant, rate-limiting, irreversibility, and even non-
equilibrium are used to describe the desorption of this particular fraction. Various 
explanations have been proposed to interpret this abnormal desorption. Chen et al. (1999) 
has made a very good summary of the explanations or mechanisms (Table 1.2). Most of 
these explanations fall into three broad categories: (1) Slow kinetics; (2) Existence of 
different adsorption and desorption mechanisms; (3) Experimental artifacts.   
        The sorption and desorption of organic chemicals to soils and sediments is a 
complex process, given the diversity, magnitude, and activity of chemical species, phase, 
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Table 1.2 Representative explanations of resistant, or irreversible desorption (Chen et 
al.,1999) 
Explanations References 
A fraction of adsorbed hydrocarbons is desorbed reversibly, and a second, irreversible 
fraction is not. This size of the irreversible fraction is fixed. Desorption from the fixed 
irreversible compartment can be modeled with a single organic-carbon-based partition 
coefficient with proposed irreversible isotherm  
 
Kan et al      
1998 
Sorption is directly related to the glassy nature of the soil organic matter. They used a dual 
mode model (linear sorption plus limited hold filling) to explain their data. 
Xing et al 
    1996 
The labile and resistant fractions arise from disparate diffusion rates from the swollen and 
condensed phase of the sediment organic matters. 
Carroll et al 
1994 
Used a three –domain particle-scale model:(1) exposed inorganic surfaces.(2) amorphous 
soil organic matter, and (3) condensed soil organic matter. Data were fitted with a 
Freundlich isotherm with time –dependent coefficients and exponents. 
Weber et al 
1992 
Used a first-order mass transfer model and a pore diffusion model to explain the time 
dependence of the coefficient and the exponent of a Freundlich model. 
Pedit and 
Miller,  1996 
Proposed a hysteresis index related to the ratio of soil organic matter oxygen to carbon 
(O:C). 
Huang and 
Weber, 1997 
A fraction of the PAHs are adsorbed to soot much more strongly than to conventional 
organic carbon fraction 
McGroddy 
& Farrington 
1995 
Organic compounds become sequestered in soil by partitioning into soil organic matter and 
entrapping the molecules within soil micropores. 
White et al 
1997 
A mass-transfer-base linear driving force model (L.D.F) was used to interpret field-
observed sorption data. 
Valsaraj et 
al, 1997 
A model incorporating a continuum of components with a gamma distribution of rate 
coefficients was postulated to explain resistant desorption 
Connaughton 
et al, 1993 
Association of atrazine with interior adsorption sites on natural organic matter molecules 
by transitory hydrogen bonding and subsequent physical entrapment was used to explain 
the resistance of atrazine diffusion through membranes. 
Devitt et al 
1998 
Naphthalane that could not be extracted was caused by mass-transfer-limited entrapment 
within micropores. The naphthol was irreversibly bound by covalent bonding to matrix 
material. 
Burgos et al 
1996 
The combination of a specific-interaction model for the polar compounds and the strong 
affinity to high-surface-area carbonaceous material can be used to account for the nonlinear 
sorption of both nonpolar and polar compounds at various concentration regimes. 
Chiou and 
Kile, 1998 
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and interfaces commonly present in contaminated subsurface environments. A research 
group at Rice University supported by the US EPA Hazardous Substance Research 
Center South and Southwest (HSRCS/SW) has made substantial progress in establishing 
the concept of desorption resistance as a fate mechanism in natural soils and sediments. 
(e.g. Kan et al., 1994; Hunter et al., 1996; Kan et al., 1997; and Kan et al., 1998). It has 
been postulated that the observed phenomenon may be due to the occlusion of 
desorption-resistant fraction of chemicals from desorption by cooperative conformational 
changes of the organic phase during the adsorption process. The conformational 
rearrangement of the solid organic matter in the presence of adsorbed chemicals could 
cause the chemical environment of the adsorbate to be different and hence be the source 
of the desorption resistance. In their research, they used the nomenclature of “irreversible 
desorption”, which was considered as inappropriate by many investigators. To many 
people, the term implied that some of sorbed contaminant might not desorb, which was 
inaccurate. Instead, the research suggested that the rate and extent of desorption may be 
different in this desorption- resistant material. Therefore, in this study, the term 
desorption resistance is used instead of “irreversibility” to avoid this confusion.  
The work of Kan et al. (1998) has established that the concentration of solid 
bounded contaminant is composed of two phases: a reversible compartment and a 
desorption- resistant compartment with a fixed maximum capacity. A model was 
proposed by Kan et al. (1998) to describe the biphasic feature of the desorption: fast 
desorption of reversible or labile compartment followed by slow desorption of 
desorption-resistant fraction. The reversibly sorbed contaminant concentration can be 
described by a linear isotherm (Eqn. 1.1), while the resistant phase can be described by a 
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Langmuir isotherm. Combining these two parts, the solid concentration of a contaminant 
is related with the equilibrium aqueous concentration by:  
                                             resqwCocfresocK
wCresqocfresocKwCocfocKsC
max
max
++=                              (1.4)                      
Where qmaxres is the maximum desorption- resistant capacity (mg/kg), and Kocres is the 
organic carbon normalized partition coefficient of the desorption- resistant compartment. 
The model predicts that desorption resistance is more pronounced when the solid and 
aqueous concentrations are sufficiently small and when the partition coefficient is smaller 
than the predicted desorption-resistant Kocres.   Under these conditions, the desorption 
approaches a constant value that is quite different from the expected result used in 
Equation 1.1. The effect of desorption resistance, however, is reduced for highly 
hydrophobic contaminants.  This may reflect the very slow sorption and desorption rates 
of very hydrophobic compounds and thus be an artifact of the finite exposure times 
associated with laboratory experimentation. The model works well, however, to describe 
the observed behavior of a large variety of compounds derived from lab research and 
field studies. 
In addition to the biphasic sorption model described above, a dual reactive 
domain model (DRDM) has also been proposed to interpret the biphasic desorption 
phenomenon (Huang and Weber, 1997). Their work showed that the quality of organic 
matter determines the degree of hysteresis in sorption-desorption experiments, suggesting 
that the size of desorption-resistant compartment is related to organic matter age as 
indicated by the ratio of organic matter oxygen to carbon. The two models explain 
desorption-resistant fraction by different mechanisms, but both models predict similar 
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behavior of a linear and a Langmuir isotherm shape. In this study, the model of Kan et al. 
(1998) was used to help design experiments and interpret the results.  
1.3.3 Bioavailability of Desorption-resistant Fraction of PAHs 
 
 The bioavailability of a contaminant is a measure of its accessibility to biota in the 
environment.  It is defined here as the fraction of the contaminant that is ultimately 
available for uptake, accumulation or assimilation by an organism. It is a very important 
factor controlling the uptake of the sediment-associated contaminants in the body of 
aquatic organisms, and the transfer of the contaminants in the food chain. It is thus a 
critical factor in the success of biologically based remediation technologies. 
Bioavailability of hydrophobic contaminants such as PAHs is determined by the complex 
interactions of numerous factors, both abiotic and biotic, such as compound 
characteristics, sediment characteristics, partitioning of contaminants, and biological 
characteristics of the organisms (Landrum and Robbins, 1990; Beckles, 2000). 
Specifically, the bioavailability of an organic contaminant depends on physicochemical 
processes such as sorption/desorption, diffusion and dissolution (Orgam et al., 1985; 
Bosma et al. 1997), as well as biological processes that may influence the extent or rate 
of uptake. The desorption rate and extent of desorption for hydrophobic contaminants 
from sediment or dissolved organic carbon (DOC) such as colloids is critical for their 
availability to aquatic organisms because a contaminant can be accessed only when it is 
released or desorbed to the aqueous phase (McElory et al., 1989).  When desorption rate 
of contaminants from sediment cannot sustain the concentration decrease associated with 
uptake in the water, bioavailability of contaminants will decrease (Harkey et al., 1995). 
Forbes et al. (1998) pointed out that sorption and desorption can strongly influence the 
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boundary layer immediately surrounding the organisms, therefore, it should receive more 
attention in assessment of the bioavailability. 
If a resistant fraction is a universal aspect of organic contaminant desorption, this 
may significantly slow remediation in that this fraction of contaminants are difficult to be 
cleaned up even using the most advanced remediation technologies (Kan et al., 1998). If 
this fraction would not be released in any significant concentrations or would not be 
available to any receptors, however, it would be of little practical concern and could be 
left in place. They would stay as contaminants but not as pollutants in the environment. It 
remains uncertain, however, whether this resistant fraction is available to microbes or 
higher plants and animals that are directly exposed to the sediments or soils. Previous 
studies have focused on the bioavailability of contaminants to microbes, and reduced 
bioavailability or microbial degradability has been widely observed for aged sediment or 
soil-bound contaminants (Landrum and Faust, 1992; Sprenger et al.,1994; Hazinger et al., 
1995; White et al., 1998). It has been demonstrated that bacterial features may enhance 
the transfer of poorly bioavailable substrates by (1) reducing the mean distance between 
contaminants and bacteria, e.g. by adhesion to sorbent, (2) causing active transfer of 
contaminants into the aqueous phase, (3) uncoupling the development and maintenance 
of active biomass from contaminant bioavailability, and (4) using uptake systems with 
high specific affinity (Reible and Demnerova, 2001).  
Using microbes for assessing bioavailability has potential problems. First, mass 
transfer resistances are always inherent in microbial exposures because microbes access 
the contaminants generally only through passive diffusion. Second, there is often a 
threshold concentration below which little or no microbial activity is observed.  This is a 
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reflection of the dynamics of the microbial community and not a true measure of the 
quantity of contaminants available.  These contaminants may still be available to other 
animals, for example for accumulation by partitioning into the organisms’ lipids.  In 
addition, larger animals may increase the available contaminant by active processing or 
ingestion and digestion of the sediment. Digestive fluid has been found to increase the 
solubilities of the organic contaminants such as phenanthrene and benzo[a]pyrene 
(Weston and Mayer, 1998). If the process of ingestion and digestion release tightly bound 
contaminants and make them easily available for desorption and uptake, it will be 
necessary to consider this process in all risk assessments and considerations. Because of 
the potential impact of ingestion and digestion on contaminant desorption, it was 
examined as an integral part of this research. Deposit-feeding benthic worms were used 
as test organisms because of their high rate of processing sediment and their importance 
in the food chain. 
It is expected that uptake of the organisms and the sediment toxicity is related to 
the relative proportion of reversibly sorbed and non- reversibly sorbed contaminants 
(White et al., 1999). Some works correlated the bioavailability of the contaminant with 
the rapidly desorbing fraction (Kraaij et al., 2001; Lee, 2001), and others demonstrated a 
correlation between the desorption kinetics of PAHs and accumulation in a deposit-
feeding clam (Lamoureux and Brownawell, 1999). In this study, assessment of 
bioavailability was coupled with the preparation and characterizations of desorption-
resistant fraction in the sediment, and the bioavailability of sediment-associated 
contaminants was found to be strongly correlated with the equilibrium partitioning of the 
contaminants but independent of the desorption kinetics of the contaminants. 
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1.3.4 Uptake of Contaminants from Sediment 
 
Bioaccumulation tests are usually employed to assess the bioavailability of 
sediment –associated contaminants and trophic transfer of the contaminant in the aquatic 
environment (EPA, EPA/600/x-89/302, 1991). Bioaccumulation is defined as the net 
accumulation of a substance by an organism as a result of uptake from all environmental 
sources (ASTM 1688-97a, 1997). The net accumulation of a contaminant in the 
organism’s body is the difference between the total uptake and elimination. Deposit-
feeding organisms can take up the organic contaminants from the surrounding water, 
either sediment pore water or overlying water, by respiratory, filtering, and direct 
adsorption, and from the ingested sediment particles by desorption and adsorption in the 
presence of gut fluids (Weston et al., 2000). Knowledge of the uptake route of the 
hydrophobic contaminants by deposit-feeding organisms is very helpful in understanding 
more precisely the circumstances in bioavailability, predicting the rate of approaching to 
steady-state body burden, testing sediment toxicity, and formulating more precise 
accumulation models. The routes of the uptake depend on desorption of the contaminant 
from sediment particles, assimilation efficiency of the contaminant by the organisms, and 
the ingestion rate of the organisms. Landrum (1989) presented a conceptual model that 
qualitatively describes the uptake of sediment-associated hydrophobic contaminants 
(Fig.1.1), in which the contaminants were conceptualized as accumulation from two 
sources: ingested sediment particles and sediment pore water. Sorption of contaminants 
on sediment particles was modeled as biphasic: a rapidly reversible pool and a slowly 
reversible pool, which correspond to the reversibly sorbed fraction and desorption-
resistant fraction discussed above. The model also considered the influence of dissolved 
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organic carbon (DOC) such as colloids on the uptake of sediment –associated 
contaminants. Contaminant in freely dissolved pool is most available, and its 
concentration is balanced by desorption from sediment particles and DOC, and the uptake 
by worms. So, the uptake of sediment-associated contaminants by organisms may be 
kinetically controlled by the desorption rate of the contaminant from sediment and will be 
balanced by the elimination of contaminants from worms. First, the organisms may take 
up the contaminant from sediment pore water, as it is believed to be most available. 
However, if the desorption rate of the contaminant from sediment is not quick enough 
compared to the uptake rate, uptake from ingestion of the sediment particles may become 
dominant. Therefore, desorption of a contaminant from sediment particles or DOC is 
critical in determining the uptake route of the contaminant from sediment.   
1.4 Summary 
 
The conceptual model (Fig. 1.1) qualitatively describes the uptake of sediment-
associated hydrophobic contaminants by deposit-feeding organisms. It suggested that 
features such as assimilation from the ingested sediment, desorption from sediments, and 
bound by dissolved organic carbon would be important for the uptake of hydrophobic 
contaminants by biota or the bioavailability exhibited by these contaminants. In this 
research, all these processes would be studied to assess the bioavailability of the 
sediment-associated hydrophobic organic contaminants. In chapter 2, a quantity of well-
characterized and extensively desorbed sediments was prepared, desorption 
characteristics such as desorption rate and extent of these sediments were investigated. In 
chapter 3 and chapter 4, bioavailability of these sediments to deposit-feeding oligochaete 
worms were studied and correlation of bioavailability with contaminant desorption 
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characteristics was investigated. In chapter 5, the relative importance of sediment pore 
water and ingested sediment particles as a major uptake route for phenanthrene and 
benzo[a]pyrene was investigated and the results were connected with  their desorption 
behaviors.  Finally, the impact of sediment ingestion and digestion by deposit feeders on 
the release of sediment-associated contaminants was briefly discussed. 
 
 
 
                                
 
 
 
 
 
               
 
 
 
Figure 1.1 Conceptual model for the uptake of sediment-associated contaminants 
(Landrum, 1989) 
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CHAPTER 2  
 
PARTITIONING AND DESORPTION KINETICS OF SEDIMENT-
ASSOCIATED PHENANTHRENE AND BENZO[a]PYRENE* 
 
2.1 Introduction 
 
A key factor in defining exposure, uptake and, ultimately risk of contaminants to 
receptor organisms is the ability of the particle-bound contaminants to partition or desorb 
to a mobile phase. Uptake and risk at the point of contact is dependent upon the quantity 
of contaminants present in the air or water phase that typically provides the pathway of 
exposure. Even contaminants that are ingested generally do not result in uptake or risk 
unless they can partition out of the solid carrier phase. Thus the partitioning of a 
contaminant between the solid and water phases is a key indicator of the potential for 
exposure and risk (Reible and Demnerova, 2001). The sorption of organic chemicals to 
soils and sediments is a complex process, given the diversity, magnitude and activity of 
chemical species, phases, and interfaces commonly present in contaminated subsurface 
environment. There is increasing evidence that a fraction of the contaminants bound with 
sediments is not easily desorbed, and reduced availability of the desorption-resistant 
fraction of contaminant is expected (Robinson et al., 1990; Alexander, 1994; Loonen, et 
al., 1994; Cornelissen et al., 1998; Opdyke and Loehr, 1999). The linear, reversible parti- 
  
                                                 
 *Reprinted in part with permission from Environmental Toxicology and Chemistry. Lu 
XX, Reible DD, Fleeger JW, Chai YZ. 2003. Bioavailability of desorption –resistant 
phenanthrene to Oligochaete, Ilyodrilus templetoni. Vol 22,153-160.  Lu XX, Reible DD, 
Fleeger JW , Bioavailability, and assimilation of sediment-associated benzo[a]pyrene by 
Ilyodrilus templetoni (Oligochaeta), in press. Copyright 2003 of the Society of the 
Environmental Toxicology and Chemistry.  
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tioning model (Karickhoff et al., 1979) is not appropriate to describe desorption of the 
resistant compartment, and biphasic models (Huang and Weber, 1997; Kan et al., 1998) 
have been proposed to describe the biphasic desorption phenomenon: a rapid release of a 
reversible labile fraction followed by a slow release of the resistant fraction.  
This section is directed toward characterizing the desorption-resistant phenomena 
in a test sediment using two hydrophobic polycyclic aromatic hydrocarbons, 
phenanthrene and benzo[a]pyrene. These two compounds were selected for two 
important reasons: first, they are significant pollutants in contaminated sediments; 
second, they exhibit very different solubility and hydrophobicity, leading to different 
sorption behavior and probably different bioavailability. Desorbed sediments were 
prepared by washing the lab-inoculated sediment with an isopropanol/electrolyte solution 
(v/v 1:1) to remove readily reversibly sorbed material. Equilibrium sediment –water 
partition coefficients and desorption kinetics of the sediments were measured. The 
desorption isotherms of phenanthrene and benzo[a]pyrene were established based on the 
measured sediment concentration and pore water concentration after correction for 
dissolved organic carbon ( DOC) content in the water. The results of sorption and 
desorption of phenanthrene and benzo[a]pyrene were compared with the biphasic model 
of Kan et al. (1998). 
2.2 Materials and Methods 
2.2.1 Contaminants 
 
Phenanthrene (PHE, ≥98% purity) was purchased from Aldrich Chemical 
Corporation (Milwaukee, WI, USA) and benzo[a]pyrene  (BaP, 99% purity)  was  
purchased from Sigma Chemical Company (St. Louis, MO, USA). The tracers were used 
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as received. Uniformly [9,10-14C] labeled phenanthrene was obtained from Chemsyn 
Science Laboratories (Lenexa, KS, USA) with purity of ≥98%, concentration of 0.27 
mCi/mL in benzene, and specific activity of 56.7 mCi/mmol. [3H] Labeled 
benzo[a]pyrene was obtained from American Radiolabeled Chemicals Inc. (Milwaukee, 
WI, USA). The [3H] BaP was dissolved in toluene solution (1mCi/ml) with specific 
activity of 50 Ci/mmol and purity of 99%. The molecular structures of [9,10-14C] labeled 
phenanthrene and [3H] labeled benzo[a]pyrene are displayed in Figure 2.1 and some of 
the important properties of these two compounds are listed in Table 2.1. 
 
 
 
 
 
                                                              
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 2.1 Structure of [14C] labeled phenanthrene and [3H] labeled benzo[a]pyrene.  
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Table 2.1 Properties of phenanthrene and benzo[a]pyrene 
 
Properties Phenanthrene Benzo[a]pyrene 
Molecular weight 178 252 
Formula and number of rings  C14H10 , 3 C20H12 , 5 
aAqueous solubility 
 (mg/L at 25 °C) 
1.1 0.0038 
aLog Kow 4.57 6.04 
bLog Koc 4.12 5.81 
cHenry’s constant 
(Pa/m3/mol) at 20 °C 
2.9 0.034 
dVapor pressure 
 (atm at 25 °C) 
4.53E-6 7.0E-12 
dDensity (kg/L at 20 °C) 0.98 1.35 
 
a Cited by Mackay et al.(1992) 
b Cited by McGroddy and Farrington(1995) 
c Cited by Gert-Jan De Maagd et al(1998) 
d Cited by Thibodeaux (1996) 
 
2.2.2 Sediments 
 
The sediment used in most of the experiments was collected from Bayou 
Manchac, a freshwater bayou in Baton Rouge, Louisiana, in 1998. The sediment was 
analyzed using the procedure that will be described in the analyses section, and was 
found to be essentially free of contaminants. Sediment preparation after collection 
followed three steps. First, the sediment was coarsely sieved for removal of twigs, leaves, 
etc; then sediment was passed through a 2mm sieve to remove debris and large particles. 
Finally, the sediment was stored in tightly sealed barrels with approximately 3 cm 
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overlying water to avoid air-drying.  The physical characteristics of the sediment are 
listed in Table 2.2. 
Table 2.2 Physical characteristics of Bayou Manchac sediment 
 
Textural classification Loam 
Clay (%) 14 
Silt (%) 46 
 
Texture analysis 
Sand (%) 40 
Organic carbon (%) 1.35 (±0.03) 
Nitrogen (%) 0.39 (±0.02) 
 
Elemental Analysis 
Hydrogen (%) 0.12 (±0.01) 
 
Texture analysis was conducted by Analytical Laboratories, Incorporation, TN, USA. 
Elemental analysis was conducted by this study.  
 
2.2.3 Sediment Inoculation and Desorption-resistant Sediment Preparation 
 
The sediment after sieving was spiked with the tracer chemicals using the 
procedure employed by Thoma (1994). Sediment was inoculated at the saturation 
concentration of phenanthrene (PHE) and benzo[a]pyrene (BaP) (i.e. the solid 
concentration such that the equilibrated pore water concentration equals the solubility of 
the compound, Cs=KocfocS , S is the solubility of the compound). The saturation 
concentration of phenanthrene and benzo[a]pyrene in Bayou Manchac sediment was 
estimated to be approximately 330 µg PHE and 54µg BaP /g dry sediment. The pre-
weighed tracers were dissolved in hexane, transferred to the inoculation vessel (4-L glass 
bottle), and evaporated under a stream of high pure nitrogen with rotation of the 
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inoculation vessel. As hexane evaporated, crystals of the solid tracer were uniformly 
deposited on the inside wall of the inoculation vessel. Weighed wet sediment 
(approximately 40% water by weight) was placed into the inoculation vessel. More water 
was added to adjust the water content to 50% to aid mixing. Approximately 3000 µg/g 
sodium azide was also added to the vessel to inhibit bacterial metabolism of the 
contaminants during tumbling. Results have shown that this concentration of sodium 
azide was sufficient to avoid degradation as indicated by the ability to maintain constant 
sediment concentration and satisfied mass balances during the tumbling.  The vessel was 
tumbled for approximately three weeks at an axial rotation rate of 5-10 rpm on a roller 
mill. To increase the analysis sensitivity, 200 µCi [14C] phenanthrene and 1 mCi [3H] 
benzo[a]pyrene were also added into the inoculation vessel and mixed well with 
unlabeled compound before adding sediment. The pipettes used for transferring the 
radiotracers were rinsed with hexane; the rinsing solvent was combined with the solvent 
used for dissolving unlabeled compounds.  
The inoculated sediment was then desorbed immediately at the end of the three-
week tumbling using an isopropanol and electrolyte solution (0.01M NaCl, 0.01M 
CaCl2⋅2H2O) with a ratio of 1:1(v/v) in a glass vessel. The weight ratio of sediment to the 
isopropanol solution was approximately 1:4.5. The vessel with sediment slurry was 
tumbled for 15-24 hours at the same rotation rate of sediment inoculation. At the end of 
desorption, the sediment slurry was centrifuged for 25 minutes in 1L-tyflon centrifuge 
bottles at 4200 rpm (approximately 3000g) and washed 3 to 4 times with electrolyte 
solution to remove the residual isopropanol and sodium azide. Sediment concentration 
and proportion of reversible to desorption-resistant compartment were controlled by the 
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number of desorption batches and the time periods of each desorption. At the end of each 
desorption, sediment concentrations of the tracers, total organic carbon content of the 
sediment, and sediment-water partition coefficients were measured using methods that 
will be described later. Tomson et al (unpublished) has shown that desorption with this 
isopropanol solution allows the rapid removal of reversibly sorbed compounds, and the 
resulting isotherm closely tracks multiple batch-desorptions in water (Fig. 2.2).  
 
Figure 2.2 Concentration of phenanthrene in solid and aqueous phase at different 
desorption steps. "10" means electrolyte solution desorption (w/o isopropanol), "50" 
means co-solvent of isopropanol and electrolyte solution, and "1,2,3" denotes the 
desorption steps.  The solid line is a model fit to multiple aqueous phase desorption, and 
the dashed line is the isotherm of reversible desorption. Note that the first isopropanol 
solution desorption is more effective than 10 aqueous solution desorption.  
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Figure 2.2 shows that the original steps of aqueous desorption follow a reversible 
line. As desorption is continued, it deviates from the reversible line and desorption 
resistance, as indicated by greater proportion of contaminants remaining on the solid 
compared to reversibly sorbed contaminants, is observed. Isopropanol solution washing is 
very efficient and one- step isopropanol washing readily removes the reversibly sorbed 
contaminant and the remainder shows indications of desorption resistance. 
2.2.4 Moisture Content 
 
1-2 g sediment in a pre-weighed 25 ml glass vial was placed in an oven at 105 °C 
for 24 hours. The difference in weights represented the moisture content of the sample 
and was usually represented as a ratio of the moisture mass to the original weight of the 
sediment. Moisture content throughout this dissertation is presented on a wet basis. 
2.2.5 Organic Carbon Content  
 
Total organic carbon content (TOC) of sediment was analyzed on a Perkin Elmer 
2400 series II CHN elemental analyzer (Perkin Elmer Corporation, Norwalk, CT, USA) 
in the Coastal Studies Institute, LSU. First, sediment was dried at approximately 60°C to 
constant weight, treated with 1N HCl to remove carbonates, re-dried, and then analyzed. 
For each sediment sample, at least two replicates were used, and 5-15 mg sediment was 
taken for each replicate. The organic carbon content was usually presented as a fraction 
(foc), which is defined as the ratio of the mass of organic carbon in sediment to the total 
mass of the sediment. 
Before starting to measure the organic carbon content of all the contaminated 
sediments used in this study, organic carbon fraction of the Bayou Manchac sediment 
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treated with 1N HCl were compared to that of the same sediment without acidification. 
The measured foc of the sediment after acidification was 1.35 ± 0.03 %, which was not 
significantly different from the foc without acidification (1.36 ±0.01 %). This 
demonstrated that the inorganic carbonate fraction of the Bayou Manchac sediment was 
negligible. Therefore, acidification is not necessary and organic carbon was equivalent to 
total organic carbon for the sediment. 
2.2.6 Measurement of Desorption Kinetics and Sediment-Water Partition 
Coefficient 
 
Desorption kinetics as well as the sediment-water equilibrium partition 
coefficients for phenanthrene and benzo[a]pyrene were measured following the work of 
Kan et al. (1994) and standard procedures of the American Society for Testing and 
Materials (1998).  A sacrificial batch method was used to measure the rate of release of 
phenanthrene and benzo[a]pyrene from the isopropanol washed sediments. An equivalent 
of 0.5 g wet sediment (water content of ~ 40%) was weighed per sample and placed into 
25 ml glass scintillation vials. Vials were then filled with an electrolyte solution (0.01M 
NaCl, 0.01M CaCl2⋅2H2O, and 0.01 M NaN3 in deionized water) with minimal 
headspace. At each sampling time, two vials were sacrificed, the sediment slurry was 
centrifuged, and two-sub-samples of water were taken from each vial, and the tracer 
concentration in water was analyzed by liquid scintillation counting (LSC) and high-
performance liquid chromatography (HPLC).  Samples were collected at a total of 8 
times and the time interval between sampling was increased over a 10-d period for 
phenanthrene and 14-d period for BaP. The tracer concentration in sediment after 
desorption was calculated based on mass balance assuming that no loss of phenanthrene 
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and benzo[a]pyrene occurred during the experiment.  Preliminary tests showed that this 
was a reasonable assumption as the recovery of phenanthrene and benzo[a]pyrene was > 
90% after a 10-d desorption (Table 2.3). The mass balance in Table 2.3 was calculated 
based on the radioactivity of the tracer due to the small amount of sediment used in the 
measurement (0.5 wet weight) because sediment loading analysis by HPLC usually 
requires more than 0.5 g wet sediment.  
Table 2.3 Mass balance for PHE and BaP in the desorption vials 
Contaminant Total massa (dpm) Measured total massb (dpm) Recovery (%) 
35859.1 33707.5 94.0% 
36078.5 32506.7 90.1% 
8105.2 8186.2 101.0% 
Phenanthrene 
8076.5 7454.6 92.3% 
343857.0 316692.3 92.1% 
344961.3 325298.5 94.3% Benzo[a]pyrene 
345237.3 328665.9 95.2% 
 
a The total mass introduced into the system was calculated based on the initial 
activity of the sediment and the mass of the sediment introduced. 
 
b The measured total mass was calculated based on the measured activity in the 
water and the remaining sediment after 10-d desorption. 
 
Table 2.3 showed that reasonable mass balances were obtained in the desorption 
vials for both phenanthrene and benzo[a]pyrne, which demonstrated that the experiments 
were conducted without significant abiotic or biotic losses.  
The sediments used in measuring the desorption kinetics of phenanthrene were 
more concentrated in the radio labeled components than those used in the bioavailability 
 27 
studies. The phenanthrene concentrations were 61.4 and 3.8 mg PHE/kg dry sediment 
and activity were 126.0 and 29.0 dpm/mg dry sediment for the reversibly sorbed and 
desorption-resistant fraction of phenanthrene in desorption kinetics measurement, 
respectively. 
Measurement of the sediment-water partition coefficient followed the same 
procedure, except that water concentrations were measured after only 10-d desorption 
period. Desorption kinetics of phenanthrene and benzo[a]pyrene that will be presented 
later show that desorption reached an apparent equilibrium in 3-4 days for both 
compounds.  
2.2.7 Dissolved Organic Carbon (DOC) in Water 
 
The water concentration measured by liquid scintillation counting includes 
contaminant in the freely dissolved phase and bound by the high molecular weight 
organic material in the water, either as colloidal or dissolved material (measured herein 
by dissolved organic carbon, DOC). Dissolved organic carbon content in the water was 
determined using a Shimadzu TOC-5050A total organic carbon analyzer (Shimadzu 
Corporation, Columbia, MD, USA). The Shimadzu TOC-5050A total organic carbon 
analyzer has a wide linear range of up to 400ppm organic carbon and 5000ppm inorganic 
carbon, with detection limits around 300 ppb. Before analysis, the water samples were 
treated with hydrochloric acid to remove the inorganic carbon material in the samples and 
centrifuged at 12,000 rpm for two minutes as we did in the sediment-water partition 
coefficient measurement. Then, aliquots of aqueous sample were automatically injected 
into a total carbon combustion tube (680ºC), carbon was oxidized to CO2 (g) which then 
flowed in a carrier gas stream to a non-dispersive infrared (NDIR) detector where the 
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CO2 content was measured. The output was displayed as peaks and quantified by peak 
area using a calibration curve constructed from 4 calibration standards.  
With the measured DOC content, the measured water concentration of a 
contaminant was corrected assuming that the partition coefficient of DOC is 
approximately the same as that for the sediment organic matter (Tye, et al., 1996). Then 
the measured water concentration follows that 
                                              ocDOCwwwm KfCCC +=                                                    (2.1) 
Where Cwm and Cw are the measured and free or true water concentration (mg/L), 
respectively, and fDOC and Koc are dissolved organic carbon content in water and organic 
carbon normalized sediment-water partition coefficient of the contaminant. 
The free or true water concentration can be written as: 
                                                       
)1( OCDOC
wm
w Kf
CC +=                                                (2.2) 
 
The partition coefficient of phenanthrene and BaP (Kp) was calculated using the 
above corrected water concentration (Cw) and the remaining sediment concentration after 
10-day desorption calculated by mass balance. The pore water concentration of the 
sediment was calculated using the true sediment concentration (without desorption) and 
the partition coefficient obtained above. For BaP, sediment pore water concentration was 
approximately equal to the measured water concentration after correction for DOC effect 
(Cw) because sediment concentration did not change much after 10-day desorption since 
less than 5% of BaP was in the water phase. But for phenanthrene, especially the 
reversibly sorbed phenanthrene, the pore water concentration of the sediment would be 
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significantly higher than the water concentration obtained in the desorption vials because 
significant release of phenanthrene from sediment was observed. 
2.2.8 Analyses 
 
Glassware used in any aspect of an experiment was cleaned thoroughly with at 
least 24 hours soaking in a 10% chromium acid bath. Then, the glassware was flushed 
with tap water, rinsed with deionized water, dried at approximately 300º C except for 
volumetric glassware, and stored in a clean cabinet. Volumetric glassware was dried at 
less than 70°C to avoid the invalidation of the calibration caused by 
expansion/contraction. For all solvents and chemicals, reagent grade or better quality was 
a basic selection criterion. The frequently used solvents such as hexane and acetone were 
tested once a month for purity by comparing the chromatography of the current solvent 
with that of the solvent before first use. Metal free deionized water from the Corning 
Mega-pure system was used to make all solutions. 
2.2.8.1 Solid Samples 
  
Soxhlet extraction method (EPA method 3550, 1986) was used to extract PAHs 
from sediment matrix and a Hewlett Packard 1100 series high performance liquid 
chromatography (HPLC, Hewlett Packard, Palo Alto, CA, USA) with UV-Diode array 
detector and fluorescence detector was used to measure the concentration of the 
extraction solvent (EPA method 8310, 1986). Details for chromatographic analysis are 
listed in Appendix. Sediment concentration of the tracers was calculated from the 
concentration of the extraction solvent. The extraction method used in this study was 
slightly modified from the EPA method and involved the following steps: 1. Put 1 to 2g 
sediment samples (wet) in an extraction vessel (240ml glass jar), 2. Mix with about 20g 
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of anhydrous sodium sulfate to dry the sediment, 3. Add 60 ml 50/50 hexane/acetone 
mixture, 4. Sonicate for about 20 minutes in a water-bath. 5. After sonicating, a 2 ml sub-
sample was put into a 2 ml tube and concentrated under nitrogen flow to approximately 
0.2 ml, 6. Add 1.8 ml acetonitrile to the tube and mix by hand. Finally, 0.5 ml to 1 ml 
extraction solvent was transferred to 1.5 ml glass HPLC vials and analyzed immediately 
or stored in the refrigerator at 4°C for later analysis. All calculations were based on the 
mass balance but not on the solvent volume eliminating bias due to small solvent losses. 
Most results showed that the solvent loss during sonication is approximately 0.4 g, less 
than 1% of the total solvent used.  
The radioisotope activity of the sediment was measured using a Beckman 6000IC 
liquid scintillation counter (LSC, Beckman Coulter, Fullerton, CA, USA) and expressed 
as disintegrations per minute (dpm). Samples were corrected for quenching using the 
external standards ratio method after subtracting background (Lotufo, 1998). Further 
information on the correction for quenching can be found in the Appendix. Sample 
preparation for LSC used the following procedures: 1. Place 5 to 15 mg grounded dry 
sediment into a 25 ml glass scintillation vial, 2. Add 1 ml distilled water and shaking well 
by hand (usually just 2 seconds), 3. Add 10 ml scintillation cocktail (Biosafe II, Research 
Products International, Mount Prospect, IL, USA), and count by LSC. Two blanks were 
also counted (1ml DI water+10 ml cocktail) with each set of samples, and the count of 
the blank was subtracted from the count of the sample. The count of each sample was 
considered reliable when the dpm of the sample was at least twice the dpm of the blank 
(Landrum, 1989). All concentrations and activities of the solid samples in this study are 
represented based on the dry weight of the samples. 
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2.2.8.2 Liquid Samples 
The concentrations of tracers in water were measured directly by HPLC in most 
measurements (EPA method 8310; SW-846 3rd edition, 1986). The activity of [14C] 
phenanthrene and [3H] benzo[a]pyrene in water was counted by placing 1 ml water 
sample into a 25 ml glass scintillation vial and adding 10 ml cocktail to it. The count of a 
sample as indicated by dpm is considered reliable when this count is two times the count 
in the blank. In the measurement of the desorption kinetics, water samples in the first 
several hours were sometimes less than twice the blank. These measurements were 
considered reliable if the counts between the two replicates were consistent and did not 
significantly deviate from the desorption kinetic curves derived from the rest of the data. 
2.2.9 Data Analysis 
 
In this study, the desorption kinetics of phenanthrene and benzo[a]pyrene was 
described as measured by the time course of organic carbon normalized sediment –water 
partition coefficient (Ksw/foc). Changes of partition coefficient with time were described 
by a three- parameter first-order model: 
                             


 −−= eq
oc
sw
oc
swocsw
f
K
f
Kk
dt
fKd
)(
)/(
                                      (2.3) 
Where k is the desorption rate constant (h-1), and eq
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K
)(  denotes the organic carbon- 
normalized equilibrium partition coefficient defined by the long time asymptotic value of 
the partition coefficient. Desorption rate constant and the equilibrium partition coefficient 
were obtained by fitting the kinetic data with the model described above using non-linear 
regression technique provided by SigmaPlot 2001(SPSS Science, Chicago, IL, USA). 
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The fitted asymptotic estimates of the equilibrium partition coefficient could be 
compared to the direct batch measurements of the partition coefficient measured. 
2.3 Results and Discussion 
2.3.1 Sediment Characteristics and Desorption Isotherms 
 
For phenanthrene, six isopropanol-washed sediments were prepared.  
Phenanthrene concentrations ranged from 2.87 (±0.20) to 84.91 (±4.36) mg/kg dry 
sediment. All six sediments were used in the subsequent bioavailability experiment, and 
this large range in concentration facilitated the examination of the effect of contaminant 
concentrations on bioavailability. Of the six sediments, three were “partially” desorbed 
(single-batch desorption with isopropanol solution), and the other three were “fully” 
desorbed (two or more-batch desorptions). We use “partially” to mean that the remaining 
sorbed contaminant is expected to be found in both reversible and desorption-resistant 
compartments, and “fully” to mean that the remaining contaminant was largely associated 
with the desorption-resistant compartment. This characterization was confirmed by the 
partitioning exhibited by these sediments. For benzo[a]pyrene, three batches of sediments 
were prepared, which had been desorbed in one, two, and three batches. Sediment 
characteristics, including contaminant concentration and activity, organic carbon content, 
and organic carbon normalized sediment-water partition coefficients, are listed in Table 
2.4. A unique feature of this sediment preparation technique is that the proportion of 
desorption- resistant compartment is controlled by adjusting the number of batches and 
washing time for each batch. Thus, it is possible to simulate the desorption characteristics 
of a variety of field-aged sediments by controlling the relative proportion of a 
contaminant in the desorption-resistant phase. 
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In both phenanthrene and benzo[a]pyrene inoculated sediments, organic carbon 
content (foc) of the sediments were reduced approximately 10% during the first batch 
desorption, but only slight changes were observed with subsequent desorptions, 
indicating that loss of fine particles was not significant in the repeated washing and 
centrifugation. For phenanthrene, the ratios of the radioactivity ([14C] phenanthrene) to 
the total tracer concentration in the sediment were approximately consistent during 
desorption for the sediments prepared by a single isopropanol desorption, indicating that 
the radio labeled tracer and the unlabeled tracer were mixed well in the sediment matrix. 
However, larger ratios (a factor of two) of radio labeled tracer to the total concentration 
were observed in the sediments subjected to multiple desorptions, which might suggest 
that radio labeled tracer of phenanthrene is more likely to adsorb on the sites that might 
cause desorption resistance. The sediment-water partition coefficients based on the total 
tracer concentration (results from HPLC analysis) and radio labeled tracer concentration 
(results from LSC analysis), however, were consistent for both reversibly sorbed and 
desorption-resistant fraction of phenanthrene. Therefore, measurements based on the 
radio labeled tracer in the subsequent bioavailability studies were deemed appropriate. 
For benzo[a]pyrene, similar ratios of radio labeled tracer to total tracer were observed for 
the inoculated sediment and the three desorbed sediments indicating good mixing and 
identical partitioning for radiolabeled and unlabeled benzo[a]pyrene in the sediment 
matrix. 
The sediment-water partition coefficients of reversibly sorbed phenanthrene and 
benzo[a]pyrene measured in this study were comparable to the literature data (McGroddy 
and Farrington,1995) considering the fact that the partition coefficients obtained in this 
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study were from desorption measurements and most literature data reported adsorption 
measurements.  
The concentration of phenanthrene in the pore water obtained by directly 
centrifuging the sediment was at least one order higher than the water concentration 
measured in the desorption vials. This was likely due to the effect of the dissolved 
organic carbon (DOC) such as colloids in the sediment, which was significantly reduced 
in the desorption vials since deionized water and a large water to solid ratio was used in 
the measurement. The average dissolved organic carbon content in the deionized water of 
desorption vials was 2.26 ±0.40 mg/L (n=9), which would have negligible effect on the 
measured pore water concentration of phenanthrene. It will, however, have a more 
significant effect on the water concentration of benzo[a]pyrene due to its high 
hydrophobicity and thus high partitioning to the organic phase such as DOC (Chiou et al., 
1986; Di Toro, et al., 1991; Jepsen et al.,1995). For the originally inoculated sediment, 
the measured water concentration of benzo[a]pyrene in the desorption vial was 
approximately two times of the water solubility of BaP indicating a significant effect of 
DOC on the measured water concentration. If the DOC content was taken as 2.26 mg/L 
(measured in this study) and Koc of BaP was taken as 105.80(McGroddy and Farrington, 
1995), the correction factor (denominator in Equation 2.2) is approximately 2.5, which 
means that the measured water concentration of BaP was 2.5 times of the true solution 
concentration, which makes the measured organic carbon normalized sediment-water 
partition coefficients (log Koc) for BaP 0.38 lower than the true partition coefficient (see 
Table 2.4). The BaP partition coefficients were corrected for the sorption onto the DOC 
as a measure of the colloidal matter in the desorption vial water in this manner.   
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For phenanthrene, the three “fully”- desorbed sediments exhibited partition 
coefficients (Koc) that were approximately three times higher than that observed in the 
three “partially”-desorbed sediments, indicating that resistance existed in the desorption 
of phenanthrene. Desorption isotherm of phenanthrene closely tracked the curve 
predicted by the biphasic model of Kan et al. (1998) (Fig.2.3). Compared to the 
desorption of phenanthrene, no obvious desorption resistance was observed for 
benzo[a]pyrene because the measured desorption isotherm of BaP  was almost identical 
to that estimated by reversible desorption, which was calculated by a linear partitioning 
model  using the partition coefficient of the originally inoculated sediment.  That is to 
say, desorption of benzo[a]pyrene is almost the reverse of adsorption. The results on the 
desorption of phenanthrene and benzo[a]pyrene were also consistent with the prediction 
of the biphasic model of Kan et al.(1998). The Kan et al. model would suggest that 
desorption resistance was significant for lowly hydrophobic compounds (logKoc ≤5.5) 
and minimal for highly hydrophobic compounds. However, the limited influence of 
desorption resistance for highly hydrophobic compounds is unexpected and inconsistent 
with other measurements (Jonker, 2002).  The observed lack of desorption resistance 
phenomena for highly hydrophobic compounds like BaP may be the result of a balance 
between equilibrium and the slow rate of approach to that equilibrium expected of highly 
hydrophobic compounds.  That is, the lack of observable desorption resistance may be an 
artifact of the finite time period of laboratory sorption-desorption experiments.    
2.3.2 Desorption Kinetics 
 
Studies of the desorption kinetics of phenanthrene showed that an apparent steady 
state was effectively reached in 3-4 days (Fig.2.4). The desorption-resistant fractions and 
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Table 2.4 Contaminant concentration, activity, organic carbon fraction, and organic 
carbon normalized partition coefficients in the sediments 
(a) phenanthrene 
Sediment Loading  (µg/g dry wt) 
Activity  
(dpm/mg dry wt) foc(%) Log Koc 
P1-1 a 84.90(±4.36) 44.50(±0.41) 1.24 4.30(±0.02) 
P1-2 a 32.10(±1.80) 16.10(±1.14) 1.20 4.32(±0.02) 
P1-3 b 23.30(±1.96) 10.60(±1.64) 1.20 4.35(±0.03) 
P2-1 a 8.05(±0.93) 7.71(±0.03) 1.18 4.81(±0.02) 
P2-2 b 4.42(±0.67) 4.69(±0.08) 1.18 4.76(±0.15) 
P3-1 b 2.87(±0.20) 3.13(±0.23) 1.25 4.88(±0.03) 
Experiment date: a January 2000,  b  May 2000. 
Here, the first letter “P” represents the compound of phenanthrene, the subscripts 
represent number of isopropanol solution washes, and the numbers after dash represent 
different sediment treatments. 
 
 
(b) Benzo[a]pyrene  
Sediment Loading  
(µg/g dry wt) 
Activity  
(dpm/mg dry wt) 
foc   (%)  Log Koc 
Before                        After 
Correction for DOC 
B0 60.50(±0.96) 1150.00(±19.10) 1.35 5.74(±0.03) 6.12(±0.03) 
B1 25.90(±1.46) 414.00(±9.53) 1.25 5.83(±0.06) 6.21(±0.06) 
B2 16.20(±1.92) 312.00(±11.70) 1.20 5.87(±0.04) 6.25(±0.04) 
B3 10.90(±0.41) 232.00(±35.20) 1.20 5.88(±0.06) 6.26(±0.06) 
 
B0, B1, B2, and B3 denote originally inoculated sediment and sediments desorbed once, 
twice and three times. “B” represents the compound of benzo[a]pyrene. 
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Figure 2.3 Desorption isotherm of benzo[a]pyrene and phenanthrene. The filled 
diamonds and triangles are experimental data, the solid line is the desorption of 
phenanthrene predicted by the biphasic model of Kan et al. (1998), and the two dashed 
lines are the desorption isotherms predicted by reversible partitioning model. 
 
reversibly sorbed fractions apparently exhibited both different kinetics and different 
equilibrium partitioning. The rate constants for desorption from the partially desorbed 
(dominated by reversibly sorbed phenanthrene) and fully desorbed (dominated by 
desorption-resistant fraction of phenanthrene) were 0.12 and 0.06 h-1, respectively. 
Release of phenanthrene from the reversibly sorbed compartment was significantly faster 
than the release of phenanthrene from desorption-resistant compartment, and resulted in 
greater mass in the pore water than the desorption-resistant fraction (Fig.2.5). At the 
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phenanthrene was desorbed. The estimated organic carbon normalized partition 
coefficients (Koc) based upon the asymptotes of the desorption curves were 4.50 and 4.91 
for reversibly sorbed and desorption-resistant fraction of phenanthrene, respectively. 
These are slightly different from those measured by direct batch partitioning experiments 
(4.35 and 4.88) but show a similar trend with the desorption-resistant fraction exhibiting 
a higher partition coefficient.  
Consistent with the results of the partitioning studies, desorption kinetics of 
benzo[a]pyrene did not show obvious differences  between the two desorbed sediments 
(B1 and B3). The estimated organic carbon-normalized equilibrium partition coefficient 
were 6.19 and 6.24 for the high and low concentration sediments, and the corresponding 
desorption rates were 0.034 and 0.032 h-1, respectively. Compared to the desorption of 
phenanthrene, desorption of BaP was slow, and less than 5% of the adsorbed BaP was 
desorbed when the apparent steady state was reached. 
2.4 Summary 
   
Desorption of phenanthrene was faster and more extensive than the desorption of 
benzo[a]pyerene as indicated by the desorption rate and fraction of contaminant desorbed 
at the apparent steady state. Desorption limitations in both rate and extent were observed 
in the desorption of sediment-associated phenanthrene, and desorption-resistance was 
demonstrated. Reversibly sorbed or labile phenanthrene exhibited three times equilibrium 
sediment-water partition coefficients and two times release rate of phenanthrene to those 
of the desorption-resistant fraction.  
Unlike the desorption of phenanthrene, no resistance was observed in the 
desorption of benzo[a]pyrene, and both equilibrium partition-coefficients and desorption 
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rates of BaP in the two desorbed sediments (B1 and B3) were almost identical. Results of 
the partitioning and desorption kinetics of phenanthrene and benzo[a]pyrene obtained in 
this study were consistent with the prediction by the biphasic model of Kan et al. (1998). 
The different physical-chemical behavior of the two compounds will be compared to 
uptake and bioavailability in subsequent sections. 
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Figure 2.4 Desorption kinetics of sediment-associated phenanthrene and benzo[a]pyrene 
as measured by organic carbon normalized partition coefficient. The soild lines are the 
results fitted by Eqn. 2.3, and the scattered points are the observed experimental data. 
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Figure 2.5 Fraction of phenanthrene released from reversibly sorbed and desorption-
resistant compartments during 10-d desorption 
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CHAPTER 3  
 
BIOAVAILABILITY OF REVERSIBLY SORBED AND DESORPTION-
RESISTANT FRACTION OF CONTAMINANTS* 
 
3.1  Introduction 
 
In chapter 2, partitioning and desorption kinetics of phenanthrene and 
benzo[a]pyrene-inoculated sediments were studied, and the presence of a desorption- 
resistant fraction of phenanthrene was demonstrated. The question then arises as to how 
does the presence of the desorption-resistant fraction affect the bioavailability of the 
contaminants, and what is the availability of the desorption-resistant fraction compared to 
that of the reversible or labile fraction? The equilibrium pore water concentration of the 
desorption-resistant fraction of contaminant is much less than that expected by reversible 
desorption, and this may influence the uptake by sediment-dwelling organisms. Although 
reduced microbial degradability as a measure of bioavailability has been widely observed 
for aged sediment or soil-bound contaminants (Landrum and Faust, 1992; Sprenger et al., 
1994; Hazinger et al., 1995; White et al., 1998; Reid et al., 2000), bioavailability of the 
resistant fraction to higher plants and animals that are directly exposed to contaminated 
sediments or soils has rarely been studied.  Deposit-feeding invertebrates, especially 
freshwater oligochaetes, often dominate benthic macrofaunal populations in the 
contaminated sediments, and also serve as excellent indicators of the potential for 
                                                 
*Reprinted in part with permission from Environmental Toxicology and Chemistry. Lu 
XX, Reible DD, Fleeger JW, Chai YZ. 2003. Bioavailability of desorption –resistant 
phenanthrene to Oligochaete, Ilyodrilus templetoni. Vol 22,153-160. Lu XX, Reible DD, 
Fleeger JW, Bioavailability, and assimilation of sediment-associated benzo[a]pyrene by 
Ilyodrilus templetoni (Oligochaeta), in press. Copyright 2003 of the Society of the 
Environmental Toxicology and Chemistry. 
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accumulation at higher levels in the food chain (Pennak, 1989). This community 
introduces contaminants into the food chain via accumulation and subsequent predation 
by higher organisms and encourages release and exposure in the overlying water through 
bioturbation, the reworking and mixing processes. Therefore, information on the 
bioavailability of the desorption-resistant fraction of contaminants to these organisms is 
very important in determining the potential hazard and the trophic transfer of these 
contaminants in the aquatic environment. Bioavailability of the sediment-associated 
contaminants to deposit-feeding invertebrates may be different from their bioavailability 
to bacteria due to their potential high rate of processing sediments. In this chapter, 
bioavailability of reversibly sorbed and desorption-resistant fraction of phenanthrene and 
benzo[a]pyrene was evaluated by measurement of bioaccumulation of these 
contaminants. 
 Many other factors, such as the uptake sources (water, sediment, or food) and the 
uptake efficiency from each source (Meador et al., 1995), the ability of the organism to 
metabolize the contaminant (McEloy et al., 1989), and the relative contribution from each 
source or route (Harkey et al., 1994) also influence the rate of uptake and may influence 
the steady state accumulation of the contaminant. The assimilation efficiency (ASE), 
which is defined as the fraction of the ingested contaminant that is incorporated into the 
body tissue (Penry, 1998), is an important parameter in understanding and modeling 
contaminant accumulation and trophic transfer in the aquatic environment especially 
when sediment ingestion is the major uptake route. ASE was also used in quantifying 
bioavailability of sediment-associated phenanthrene and benzo[a]pyrene by Penry and 
Weston(1998). Besides assimilation efficiency, elimination of the contaminants by active 
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metabolic processes and passive diffusion loss may also influence the net accumulation, 
thus influence the observed bioavailability of the contaminants.  
 In this chapter, a series of toxico-kinetic experiments was conducted on the 
sediments prepared by methods described in chapter 2. The experiments include 
measurement of bioaccumulation, assimilation efficiency and elimination of 
phenanthrene and benzo[a]pyrene in deposit-feeding, freshwater oligochaetes. The 
purpose of this chapter is to investigate bioavailability of sediment-associated 
phenanthrene and benzo[a]pyrene to a bulk deposit-feeding oliogochaete, and to study 
the factors that may influence the bioavailability of the sediment-associated 
contaminants.  
3.2 Materials and Methods 
 
3.2.1 Test Organisms 
 
Ilyodrilus templetoni (Southern), a bulk deposit-feeding, freshwater tubificid 
oligochaete, was used in this study because of the ease of culturing, ability to withstand 
handling stress and high tolerance to contaminants (Brinkhurst, 1980). I. templetoni was 
acquired from the Waterways Experiment Station (US Corporations of Engineers, 
Vicksburg, MS, USA) and then cultured in our laboratory. Our preliminary experiment 
showed that this species could tolerate temperatures as low as 4 °C and phenanthrene 
concentrations as high as 330mg/kg dry sediment.  The adult worms are 2-5 cm in length; 
the average wet weight of the worms is approximately 3 mg, and the average lipid 
content ranges from 4% to 12% (dry weight basis).  
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3.2.2 Sediments 
 
The sediments used in the bioavailability studies addressed in this chapter were 
those prepared in Chapter 2 with sediment characteristics listed in Table 2.4. For phenan-  
threne, six sediment treatments were employed. Due to the toxicity of inoculated 
sediments, only two treatments were used in the bioavailability studies of benzo[a]pyrene 
(sediments B1 and B3 in Table 2.4). Additionally, phenanthrene-amended, “aged” 
University Lake sediment was also employed in the bioaccumulation experiment to 
assess effect of contaminant sequestration associated with sediment “aging” on 
contaminant bioavailability. The University Lake sediment particles were dominated by 
silt and clay with a higher TOC content of 2.53 %.  The sediment was originally 
inoculated with three compounds, dibenzofuran, phenanthrene and pyrene, and had been 
aged for 50 months. Further details for this sediment including source, particle size 
distribution and loadings etc, can be found in Chapter 6. Since no information on 
bioaccumulation of dibenzofuran and pyrene in Bayou Manchac sediment was available 
in this study, only results on bioaccumulation of phenanthrene was reported and 
compared with that of isopropanol-desorbed sediments. 
3.2.3 Bioaccumulation Assay 
 
 Bioaccumulation experiments were conducted based on standardized procedures 
(ASTM E1688-97a), and a complete randomized design with three or four replicates in 
each treatment was used in the experiment. Tests of the accumulation of phenanthrene 
were conducted in 50-ml polypropylene centrifuge tubes as used by Lotufo and Fleeger 
(1996). Experiments were conducted for up to 15 d to ensure that steady state was 
reached, although preliminary tests showed that accumulation of phenanthrene by I. 
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templetoni reached an apparent steady state within 7 d. Two experiments were conducted 
on phenanthrene-amended Bayou Manchac sediment: one was in January and the other was 
in May 2000. There were three treatments (three sediment concentrations) in each 
experiment, and 4 replicate tubes were set up for each treatment. There were five replicates 
for the “aged” University Lake sediment. 
One day before an experiment, approximately 50 g of wet sediment (moisture 
content ~40%) was added to each replicate tube and left to equilibrate for 24 h in a dark 
incubator at 25°C. Sexually mature I. templetoni worms of similar sizes were gently 
sieved from the culture and held in petri dishes until the initiation of the experiment.  The 
ratio of total organic carbon content in sediment to the dry weight of worms was 
approximately 35:1 to ensure that food was not limiting during the exposure period 
(ASTM E1688-97a, 1997). At the beginning of an experiment, 20 worms were placed 
into each centrifuge tube. After all worms burrowed, a thin layer of polyester aquarium 
filter floss and cheese cloth were placed above the sediment surface, and held in place by 
a polyvinyl chloride split ring. Approximately 10 ml of artificial pond water (0.5 mM 
NaCl, 0.2 mM NaHCO3, 0.05mM KCl, 0.4 mM CaCl2) was then gently added to each 
tube.  Tubes were placed in a rack and held in an incubator with an approximately 
constant temperature of 25°C.  At the end of an experiment, worms were sieved from the 
sediment. Survivors were enumerated and allowed to purge their digestive system for 6 
hours in clean artificial pond water.  Then, 6 worms from each replicate tube were frozen 
for lipid analysis (in 3 groups), and the remaining worms (14 because survivorship was 
high) were analyzed immediately for phenanthrene tissue content (in 2 or 3 groups). 
Measurements from sub-samples were averaged and single values for each replicate tube 
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were calculated. 
Measurement of the accumulation of benzo[a]pyrene was similar to phenanthrene 
but was measured by monitoring accumulation with time as no information on the 
accumulation of BaP by this worm was available. Before the experiment, time to 
apparent (or 95%) steady state (ts) of the uptake of benzo[a]pyrene was estimated based 
on the elimination rate (ke) of BaP using the formula derived from the two-compartment 
kinetic model(ASTM E1688-97a): ts =ln[1/(1.00-0.95)]/ke=3.0/ke. Harkey et al (1995) 
reported that elimination rate of BaP in Lumbriculus variegates was 0.0032 h-1. Using 
this data, the estimated time to apparent steady state for the uptake of BaP was 
approximately 39 days. Therefore, the accumulation in the two sediments was repeatedly 
measured on day 5, 10, 16, 26, and 38 with three replicates for each sediment and 
exposure combination. Steady state was assumed to be reached if there was no 
statistically significant difference of the biota-sediment accumulation factors in the last 
two exposures. Uptake in short exposures was also measured but only with the low 
concentration sediment, and the uptake was measured on 2, 6, 12, 24 and 48 h.  No fresh 
sediment was added to the tubes except for the longest exposure period (38day) in which 
50 g sediment did not provide sufficient food for the worms during the whole period of 
exposure (ASTM E1688-97a, 1997). Therefore, new sediment (with BaP at the same 
concentration) was added at the second to last sampling time (26-d exposure period). 
When adding sediment, the tubes were gently tapped on paper tower to disturb the worms 
to burrow down to the bottom of the tube. Then, the rings and cheese-cloth were removed 
from the tubes, and the top layer sediment was carefully taken out by a spatula, new 
sediment was added, and the sides of the tubes were cleaned by soaked paper tower. 
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When everything was ready, rings and cheese-cloth were replaced, artificial pond water 
was refilled, and the tubes were put back to the incubator. 
3.2.4 Elimination and Biotransformation 
 
  In the elimination experiment, I. templetoni were exposed to contaminated sediment 
for 7 days. After purging in artificial pond water, individuals were transferred to clean 
sediment and analyzed for phenanthrene and benzo[a]pyrene body burden after different 
depuration periods. To make sure that no sediment was left in the gut during elimination, 
the worms were allowed to purge their digestive systems for 20 hours in the phenanthrene 
experiment, and it was found that the worms were over-purged, which means that the 
worms purged all the ingested sediment before the 20 hours. Therefore, 9 hours were 
employed for benzo[a]pyrene. Data were fitted by a first-order decay model (Eqn.3.5), and 
elimination rate constant was determined from the model. The difference in the purge 
period will not influence the elimination rate (ke) fitted from the model. Elimination is the 
total loss of the contaminants from worms’ tissue by both active and passive processes.  
A biotransformation experiment was conducted to define the extent of metabolic 
degradation of phenanthrene and benzo[a]pyrene by I. templetoni. In the biotranformation 
measurement of BaP, 24 worms were exposed to the contaminated sediment, and sampled 
on days 6, 17, 24, and 38. This made it possible to test the effect of contaminant exposure 
on the biotransformation. The samples at each exposure period were divided into two sub-
samples. Worms’ extraction followed the procedure used by Millward, et al. (2001) 
adapted from Landrum (1982) by Lotufo (1998). The extracts were then applied to a thin-
layer chromatography plate (Whatman LK6DF, silica gel 60 A, Whatman, Maidstone, 
Kent, UK). The plate was developed in a glass chamber with 50 ml hexane: benzene (9:1, 
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v/v). Benzo[a]pyrene isolates were identified under ultraviolet light and collected by 
removing the silica gel with a scalpel. The remaining silica gel associated with BaP 
metabolites were separated by three centimeters, collected in different scintillation vials to 
avoid the lumex effect when counting in 6 ml scintillation cocktail, and the counts from 
each vial were combined together as the total count of BaP metabolites. Fraction of BaP 
metabolites in tissues were estimated using the ratio of dpm not associated with the parent 
BaP to total dpm. Measurement of biotransformation of phenanthrene was similar to the 
above procedures except that all worms were exposed to the contaminated sediment for the 
same period (7 days) before extraction. Therefore, no effect of exposure period could be 
tested for phenanthrene. 
3.2.5 Measurement of Assimilation Efficiency 
 
Assimilation efficiency was measured using the pulse-chase feeding technique 
employed by Selck et al. (1999), and based on the direct measurement of [14C] 
phenanthrene or [3H] BaP ingested and remained in tissue after complete egestion. 
Twenty-four worms were first exposed to 15 ml radio labeled sediment for 40 minutes 
(less than or equal to one gut passage time). Then, worms were gently but quickly taken 
from the radio labeled sediment, flushed with water to remove sediment and contaminant 
adsorbed on the surface of the worms’ body, and divided into two groups: 9 worms in an 
ingestion group and 15 worms in a depuration group. Worms in the ingestion group were 
subjected to liquid scintillation counting immediately, in groups of three worms. The 
average of the total count normalized by worms’ weight of the three sub-samples was 
taken as the ingested sediment concentration, FI. The worms in the depuration group were 
moved to the unlabeled sediment to purge the ingested materials. Five worms were 
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counted together to ensure that high counts could be obtained after depuration, and the 
average of the count was taken as the contaminant concentration assimilated into worms’ 
tissue Ft. Then, assimilation efficiency was calculated as Ft/FI.   
Although sediment egestion was considered complete when no more radio labeled 
feces was produced, it was hard to collect all the radio labeled feces the worms produced 
during depuration, and therefore difficult to determine when it was completely egested. 
Extending measurement after the true purging period may underestimate the assimilation 
efficiency especially when elimination rate of the contaminant was significant. Therefore, 
in this study, four replicates were used for each sediment treatment, and worms in the 
depuration group from different replicates were allowed to depurate for different periods, 
4, 8, 24 and 48 hours. The total concentration in the worms would be expected to 
decrease rapidly during egestion, and much more slowly after depuration due to 
elimination processes. Worms' body burden was measured, the fraction of mass 
remaining after depuration was calculated at each depuration period, and complete 
egestion was determined from the inflection point in the concentration verse time of the 
depuration curve.  The assimilation efficiency was calculated as the fraction of the 
remaining body burden at the conclusion of the sediment egestion. 
3.2.6 Measurement of Tracer Concentration in Worms’ Tissue 
 
 At the conclusion of an experimental exposure, worms were gently sieved from the 
sediment. After gut clearance as described above, worms were gently blotted dry on filter 
paper and transferred to 8 ml scintillation vials. Measurement of tracer concentration in 
organisms’ tissue by HPLC was similar to sediment loading described in chapter 2 except 
that the extraction was conducted in 8 ml scintillation vials, and the tissue was directly 
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extracted by acetonitrile to avoid solvent exchange in the subsequent steps. Measurement of 
the radioactivity in tissue was different from the measurement of sediment. Before analysis, 
200 µl of tissue solubilizer (TS-2, 0.5N solution, Research Products International, Mount 
Prospect, IL, USA) was added to each sample and placed on a warming plate to overnight. 
100 µl of 1.2N HCl was added to neutralize the tissue solubilizer before adding 6.0 ml of 
scintillation cocktail (Biosafe II, Research Products International, Mount Prospect, IL).  
3.2.7 Lipid Content Analysis 
 
  Lipid content measurement used a micro-gravimetric technique following the 
procedure of Herbes et al. (1983) as modified from Bligh and Dyer (1959), but using 
smaller weight of worms and the corresponding smaller volume of the solvents due to the 
availability of high precision electronic balance (MT5, Mettler, Toledo, USA). Two worms 
(4~6 mg wet weight) were transferred to a 1.5 ml micro-centrifuge tube with 1 ml aliquot 
of methanol and chloroform (1:1 v/v) in each tube. After mixing for 4 hours, the tubes were 
centrifuged at 12000 rpm. The liquid phase in each tube was transferred to a new tube and 
mixed with 0.4 ml distilled water. It was shaken by hand until the two phases separated and 
then centrifuged again. The overlying phase was decanted into the waste bottle and the 
bottom phase with lipid was transferred to pre-weighed aluminum planchets. The tube and 
the pipette used for transferring were rinsed with 0.1 ml methanol and chloroform solution 
and this solution was also transferred to the aluminum planchetes. The planchetes were 
then weighed again and were put on a hot plate or on the surface of an oven with 
temperature setting at approximately 50°C. After drying overnight, the planchetes were 
weighed again. The difference between the two weights was the total weight of lipid and 
the residues of the un-evaporated solvents. The lipid was reported as dry weight basis, 
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which was derived from the wet weight of the worms and the dry to wet ratio that measured 
at the beginning of the experiment. During each batch of lipid analysis, at least 5 blanks 
(chloroform and methanol solvents without worms) were used to determine the un-
evaporable solvent residuals. The blank was subtracted from the lipid content that has been 
measured. To check the efficiency of this procedure, cholesterol standard with 10 mg ml-1 
lipid content was measured, and the measured lipid content was 9.60 ±0.93 mg ml-1.  
3.2.8 Models and Statistical Analysis 
 
In this study, accumulation of phenanthrene was analyzed using an equilibrium-
partitioning model defined by the biota-sediment accumulation factor (BSAF). For 
hydrophobic contaminants, BSAF was defined as lipid normalized tissue concentration 
over the organic carbon normalized sediment concentration (Lake et al., 1987).                                                
ocs
lipidt
fC
fC
BSAF
/
/=                                                (3.1) 
Where  
Cs and foc are sediment concentration and fraction of total organic carbon content of the 
sediment as defined before 
Ct, contaminant concentration accumulated in worms’ tissue, mg/kg dry tissue 
flipid, lipid content,  g lipid/g dry worm (%) 
Accumulation data of BaP were analyzed using both the steady state BSAF and a 
first-order kinetic model (Landrum et al., 1992). Ratio of lipid normalized tissue 
concentration to organic carbon normalized sediment concentration was calculated at 
each exposure period, and the ratio at steady state defined the biota-sediment 
accumulation factor.  
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When sediment is the source compartment, a first-order kinetic model can be 
written as: 
                                                 tess
t CkCk
dt
dC −=                                                         (3.2) 
 
Where 
Ct, contaminant concentration accumulated in worms’ tissue, dpm/mg dry tissue. 
Cs, sediment concentration, dpm/mg dry sediment 
ks, uptake rate coefficient from the sediment, g sediment⋅g worm-1⋅ h-1 
ke, elimination rate constant, h
-1 
 Assuming sediment concentration is constant during exposure, and integrating 
Eqn.3.2: 
                                         ))exp(1( tk
k
CkC e
e
ss
t −−⋅=                                                    (3.3) 
Fitting the uptake kinetics data with Eqn.3.3 using non-linear regression technique 
provided by SigmaPlot 2001(SPSS Science, Chicago, IL, USA) gave the estimated value 
of uptake rate coefficient ks and elimination rate constant ke.  
Biota-sediment accumulation factor calculated from the kinetic data as time 
approaches infinity is given by:                                                        
                                                          
lipid
oc
e
s
cal f
f
k
kBSAF =                                                    (3.4)                         
Elimination of phenanthrene and BaP from worms’ tissue was described by a first 
order decay model: 
                                              )(0
tekeCC tt
−= •=                                                    (3.5)  
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Half-life time (t1/2) and the time to eliminate 99% of body burden (t99) can be calculated 
from Equation 3.5 :                             
                       
ee k
tkt
)100ln(2ln
992/1 ==                                     (3.6) 
 
  In the bioavailability studies of phenanthrene, I. templetoni wet weight, lipid 
content, and tissue concentration of phenanthrene were measured and averaged for each 
replicate tube for each treatment, and the measurements were used to calculate BSAF for 
each replicate. Statistical analysis of BSAF and lipid content was based on tube replication 
(n=4) for each sediment treatment and used the Kruskal-Wallis test of non-parametric 
analysis of variance as used by Maruya, et al. (1997). If a significant difference (p value 
<0.05, the probability that incorrectly reject the null hypothesis is less than 5%) was 
detected, pair-wise comparisons were conducted to locate the difference. In the 
experiments with benzo[a]pyrene, two-way analysis of variance (ANOVA) was used to 
analyze the influence of sediment treatment and time on worms’ lipid content and the 
normalized accumulation of BaP. Pair-wise comparisons were made using a posteriori 
Tukey test (Millward et al., 2001), and the effect of sediment treatment was analyzed at 
each time slice. 
3.3 Results and Discussion 
 
3.3.1 I. templetoni Survival, Lipid Content, and Contaminant Tissue 
Concentration 
 
3.3.1.1 Phenanthrene 
During the 15-day exposure to the isopropanol-desorbed sediments, I. templetoni 
exhibited no burrowing avoidance, mortality, or reproduction in any fully- or partially-
desorbed sediment treatment. After burrowing in, many worms protruded their tails 
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through the floss and cheese-cloth, and defecated at the sediment surface. Strong 
processing of the sediment was observed in the test tubes as shown below (Fig.3.1). 
Similar behavior of worms was observed when exposed to the “aged” University Lake 
sediment. 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3.1 Burrowing, defecating, and processing of the sediment by I. templetoni in the 
test tube 
 
There was no significant difference in lipid content among the worms in the six 
sediment treatments at the end of the experiment  (χ2=7.33, df=5, p=0.20), indicating that 
phenanthrene concentration had no effect on lipid stores (or presumably, the health of the 
worms in this study). Lipid content and phenanthrene tissue concentrations are listed in 
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Table 3.1. Phenanthrene accumulation by I. templetoni increased with the sediment 
phenanthrene concentration. The average lipid content of worms was 6.87 (±1.23) % at 
the end of 15-d exposure to the “aged” University Lake sediment. The biota-sediment 
accumulation factor was calculated for each replicate tube based on these data, and 
averaged for each treatment level. 
Table 3.1  I. templetoni lipid content and tissue phenanthrene concentration after 15-d 
exposure 
 
Sediment 
Sediment Phenanthrene 
(mg/kg dry wt) 
Lipid content 
(mg /mg dry wt,%) 
Tissue    Phenanthrene 
(mg /kg dry wt) 
P1-1 a 84.90(±4.36) 5.85(±2.28) 479.00(±177.00) 
P1-2 a 32.10(±1.80) 6.11(±0.55) 196.00(±37.40) 
P1-3 b 23.30(±1.96) 8.82(±1.60) 210.00(±8.35) 
P2-1 a 8.05(±0.93) 6.72(±1.59) 27.40(±7.43) 
P2-2 b 4.42(±0.67) 7.44(±1.33) 17.20(±0.67) 
P3-1 b 2.87(±0.20) 7.35(±1.26) 9.63(±2.03) 
 
 a  Worms had an average initial wet weight of 2.97 (±1.08) mg, and a dry to wet  ratio of 
0.146 (±0.014) at the initiation of the experiment. 
 b  Worms had an average initial wet weight of 2.54 (±0.74)mg, and a dry to wet  ratio of 
0.194 (±0.018). 
 
3.3.1.2 Benzo[a]pyrene 
In the preliminary experiment, all 15 worms died after several hours’ exposure to 
the originally inoculated sediment with BaP concentration of 60 µg/g indicating a high 
toxicity of BaP at this concentration. No mortality or avoidance of sediment (worms will 
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not burrow down to the sediment) was observed for worms in the three desorbed sediments 
(B1, B2, B3). Two-way analysis of variance (ANOVA) showed that there was no time and 
sediment treatment interaction effect on the lipid content of the worms (p=0.74). At each 
exposure period, there was no sediment effect (all p>0.05) indicating that BaP 
concentration did not influence the lipid stores, which is similar to what observed in the 
phenanthrene experiment. However, lipid contents after 5-d exposure were significantly 
higher than the lipids at the beginning of the experiments and at other exposures for both 
sediments, which might be a reflection of extensive feeding when the worms were first 
introduced to the sediments. Lipid content and benzo[a]pyrene tissue concentrations are 
listed in Table 3.2. Concentration of benzo[a]pyrene accumulated in worms’ tissue was 
higher than the sediment concentration even after 2 h-exposure, and worms’ body burden 
increased with increasing sediment concentration. Uptake of benzo[a]pyrene was linear 
during the short exposure(less than 2 days) (r2=0.99), and the accumulation of BaP attained 
an apparent steady state after approximately one month for both B1 and B3  sediments 
(Fig.3.2). The uptake kinetics of benzo[a]pyrene was fit by a first-order kinetic model in 
which sediment was the source compartment (Eqn.3.3). The model fit very well for both 
sediments with high correlation coefficients (both r2=0.98). The uptake rate coefficients  
(ks) and elimination rate constants (ke) from the model fit were 0.035, and 0.032 g 
sediment⋅g worm-1⋅h-1, and 0.0032 and 0.0028 h-1, respectively. 
3.3.2 Biota-Sediment Accumulation Factor 
 
3.3.2.1 Phenanthrene 
The biota-sediment accumulation factor of phenanthrene was calculated for each 
replicate tube, based on the data listed in Table 2.4a and 3.1, and averaged for each 
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treatment level. Biota-sediment accumulation factors of the six sediments fell into two 
distinct categories (Fig.3.3).  BSAFs of the three partially desorbed sediment treatments 
(essentially with reversibly sorbed phenanthrene) exhibited a mean BSAF of 1.20 (±0.32) 
while the three fully-desorbed (essentially with desorption-resistant fraction of 
phenanthrene) exhibited an average BSAF of 0.59 (±0.13), which was significantly greater 
than zero but approximately 50% less than that of reversibly sorbed (labile) phenanthrene. 
This demonstrated that desorption-resistant fraction of phenanthrene was available to 
benthic invertebrates but with reduced availability compared with reversibly sorbed 
phenanthrene. Statistical analysis showed that no significant difference of BSAF within 
the two categories was detected (p values were 0.90 and 0.84, respectively at df=2), but a 
significant difference between the two categories was observed (p<0.001). This 
demonstrated that biota-sediment accumulation factor was independent of sediment 
concentration. Furthermore, previous work (Lotufo and Fleeger, 1996) has shown that 
ingestion was reduced with increasing phenanthrene concentration in tubificid 
oligochaetes. Worms exposed to desorption-resistant fraction of phenanthrene were 
probably therefore more active in the sediment than those exposed to reversibly sorbed 
phenanthrene further demonstrating that sediment concentration could not explain the 
reduced availability of desorption-resistant fraction of phenanthrene. This difference could 
not be due to differences in contaminant elimination and metabolism either since all 
experiments were conducted with the same compound in the same species.  The health of 
the worms used in this study was not a reason for the observed reduction in bioavailability 
as lipid content was not significantly different among the sediment treatments, and no 
mortality was observed in any sediment treatment.  Desorption reached an apparent 
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equilibrium after 3-4 d for both reversibly sorbed and desorption-resistant fraction of 
sediments as indicated by the measured desorption kinetics in Chapter 2.  Thus, because 
bioaccumulation measurements were conducted over 15 days, differences in desorption 
kinetics were also not the cause of the reduced availability.  The significant difference of 
the biota-sediment accumulation factor between the two categories was strongly dependent 
on the degree of desorption resistance exhibited by sediment-bound phenanthrene. 
Table 3.2  I. templetoni lipid content and tissue benzo[a]pyrene concentration  
at different exposures 
 
Sediment Exposure periods 
(days) 
Lipid content 
(mg /mg dry wt,%) 
Tissue    BaP 
(mg /kg dry wt) 
5 11.43 (±0.93) 1168.40(±160.61) 
10 9.27(±0.27) 2480.03(±201.55) 
15 9.28(±0.82) 3208.23(±93.48) 
26 9.37(±1.12) 4309.8(±433.4) 
B1 
38 9.15(±0.01) 4067.61(±185.88) 
5 10.48(±0.26) 555.08(±112.48) 
10 9.42(±0.99) 1084.96(±70.22) 
15 8.58(±0.57) 1882.19(±132.46) 
26 8.38(±0.51) 2256.65(±275.48) 
B3 
38 8.72(±1.51) 2335.18(±194.64) 
 
The worms had an average wet weight of 3.59 (±0.59) mg, dry to wet ratio of 0.20 
(±0.01), and the average lipid content of 8.57 (±2.07) % at the initiation of the 
experiment. 
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Figure 3.2 Uptake kinetics of benzo[a]pyrene in the sediments that have been desorbed one and three batches (B1, B3). The solid lines 
are the results fitted by the first-order kinetic model (Eqn. 3.3) 
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Values of BSAF were negatively related with the organic carbon normalized 
sediment –water partition coefficients of sediment treatments. Desorption-resistant fraction 
of phenanthrene exhibited a partition coefficient approximately three times higher than 
reversibly sorbed phenanthrene, and the observed BSAF was approximately 50% less 
than that observed for reversibly sorbed phenanthrene. Similar result was observed for 
phenanthrene in the “aged” University Lake sediment. The organic carbon normalized 
sediment-water partition coefficient of the aged sediment was 104.78 (± 0.04), which was 
approximately twice the partition coefficient of freshly inoculated sediment, 10 4.41(± 0.05), 
indicating that sequestration of phenanthrene occurred during sediment aging. Similarly, 
reduced availability was observed for the aged sediment corresponding to the exhibited 
higher partition coefficient. The biota-sediment accumulation factor of phenanthrene in 
“aged” University Lake sediment was 0.70 (± 0.10), which is significantly lower than the 
BSAF exhibited by the freshly inoculated sediment, 1.25 (±0.18). 
 
 
 
 
 
 
 
 
 
 
 
Figure 3.3 Biota-sediment accumulation factors of phenanthrene at six desorbed 
sediments. The error bars represent one standard deviation from the mean. 
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3.3.2.2 Benzo[a]pyrene 
Although biota-sediment accumulation factor was defined at steady state, the 
same normalization method was used at each exposure period of benzo[a]pyrene to see 
the change of the normalized accumulation with time (Fig.3.4). Results of two-way 
analysis of variance (ANOVA) showed that there was significant interaction of time and 
sediment treatment (p=0.0013, df=4) on the normalized accumulation. The normalized 
accumulation increased with time until the last two exposures indicating that steady state 
was reached in approximately one month. There was no significant sediment effect on the 
normalized accumulation of benzo[a]pyrene except at 10 d-exposure (p<0.0001). At 
steady state, worms in B1 and B3 sediments attained a biota-sediment accumulation factor 
of 1.33 (±0.06) and 1.34 (±0.11), respectively. Biota-sediment accumulation factor of 
BaP calculated from the estimated uptake rate coefficient and elimination rate constant 
(Eqn.3.4) were 1.48 and 1.50 for sediments B1 and B3, which were very close to the 
biota-sediment accumulation factor measured at steady state (Table 3.3). The high 
correlation of the model fit and the agreement between the calculated BSAF with 
experimentally measured BSAF suggested that the first-order kinetic model is appropriate 
to describe the accumulation of sediment-associated benzo[a]pyrene by I. templetoni. 
BSAF of benzo[a]pyrene measured in this study was close to that demonstrated by 
another deposit-feeding species, the polychaete, Leitoscoloplos fragilis, although the 
concentration of the sediment in which the latter held was very low (less than 1µg/g) 
(Driscoll and McElroy, 1996). But BSAF of BaP in I. templetoni was much higher than 
the BSAF of the polychaetes, Nereis diversicolor and Scolecolepides viridis due to the 
potential for metabolic degradation of BaP by these two species (Driscoll and McElroy, 
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1996). This implies that if metabolism of the contaminant is negligible and no toxicity is 
observed, BSAF would be independent of species and sediment concentration. 
 
 
Figure 3.4 Lipid normalized tissue concentration of BaP over organic carbon normalized 
sediment concentration at each exposure period. Biota-sediment accumulation factor was 
approximately 1.3 for both sediments at steady state. 
 
Table 3.3 Comparison of BSAF calculated from the first-order kinetic model with 
the measured BSAF 
 
Sediment 
Model fitted ks (g⋅g-1⋅ h-1) and  
ke (h –1) 
Calculated 
BSAF Measured BSAF 
B1 0.035, and 0.0032 1.48 1.33 (±0.06) 
B3 0.032, and 0.0028 1.50 1.34 (±0.11) 
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Unlike the uptake of phenanthrene, there was no significant difference of the 
normalized accumulation of benzo[a]pyrene in the two desorbed sediments(B1 and B3), 
which is consistent with the identical organic carbon normalized sediment-water partition 
coefficients (Koc) exhibited by these two sediments. Therefore, both normalized 
accumulation of phenanthrene and benzo[a]pyrene showed a strong correlation with the 
organic carbon normalized sediment-water partition coefficients as shown in Fig. 3.5. 
Increases in the partition coefficient of desorption-resistant fraction of phenanthrene 
resulted in an approximately proportional reduction in bioavailability, and identical 
bioavailability was associated with equivalent partition coefficients for both 
phenanthrene and benzo[a]pyrene. 
  
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3.5 Biota-sediment accumulation factor for I. templetoni exposed to phenanthrene 
and benzo[a]pyrene-contaminated sediments as a function of desorption resistance as 
measured by organic carbon normalized sediment-water partition coefficient (Koc).
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3.3.3 Elimination and Biotransformation 
 
Elimination of phenanthrene and benzo[a]pyrene followed first-order kinetics  
(both r2>0.88) (Fig. 3.6). The elimination rates (ke) of benzo[a]pyrene in the two 
sediment treatments were approximately identical indicating that elimination of BaP was 
dose independent at the studied concentration range. The elimination rate (ke) of 
phenanthrene fitted by the first- order model (Eqn.3.5) was 0.042 h-1, which was 
approximately 7 times faster than the elimination of benzo[a]pyrene, whose elimination 
rate was 0.0066 h-1.  The half-life and time to 99% elimination were approximately 17 
and 110 hours for phenanthrene and 105 and 698 hours for benzo[a]pyrene, respectively, 
which demonstrated that benzo[a]pyrene was more persistent than phenanthrene in the 
environment. Weak biotransformation of phenanthrene and benzo[a]pyrene by I. 
templetoni was observed.  Approximately 15% of the total activity of [14C] phenanthrene 
and 6% of [3H] benzo[a]pyrene in the extraction was associated with the metabolites 
indicating that 15% phenanthrene and 6% BaP was metabolized by the worms during the 
exposure (7 days and 38 days, respectively). No strong trend of biotransformaion of 
benzo[a]pyrene over time was observed. Weak biotransformation of phenanthrene and 
benzo[a]pyrene makes it reliable to use the total radio tracer concentration in the 
bioaccumulation and assimilation efficiency measurement experiments rather than using 
the radio tracer concentration associated with the parent compounds. The slow 
elimination or long persistence of BaP, resistance to metabolism, high assimilation 
efficiency and apparent lack of desorption-resistant behavior make it more dangerous to 
the environment. Therefore, sediment-associated BaP or other highly hydrophobic 
compounds cannot be neglected in sediment remediation.   
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Figure 3.6 Time course of tissue concentration of phenanthrene and benzo[a]pyrene after 
exposing to contaminated sediments for 7 days and clearing digestive system in artificial 
pond water for 20hours (PHE) and 9 hours (BaP), respectively. 
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3.3.4 Assimilation Efficiency 
 
In the depuration process after pulse-chase feeding (short exposure to radio 
labeled sediment), profiles of fraction of [14C] phenanthrene and [3H] benzo[a]pyrene 
remaining in worms’ tissue showed a dramatic decrease in the first 4h-depuration 
followed by slow changes of phenanthrene or BaP. During the first 4h-depuration, 
fraction of phenanthrene remaining in tissue changed from 100% with all the ingested 
sediment was still in the digestive system at the beginning of the depuration to 
approximately 50% at the end of 4h-depuration, while fraction of BaP changed from 
100% to approximately 80%. The rapid loss in the first 4-h was probably the process of 
worms’ gut purging, and the subsequent slow changes in concentration shown in Figure 
3.7 were likely due to the elimination from the worms’ tissue.  
Assimilation efficiency as defined by the fraction of body burden remaining at the 
conclusion of sediment egestion was approximately 50% for phenanthrene and 80% for 
benzo[a]pyrene. The assimilation efficiency of benzo[a]pyrene measured in this study 
was high compared to literature values. For example, the study of Kukkonen and 
Landrum (1995) showed that assimilation efficiency of BaP in Lumbriculus variegatus 
ranged from 11-26% by dual-tracer method. The major difference may be due to the 
different methods used by this study and Kukkonen and Landrum. The method of this 
study was based on the direct measurement of the ingested sediment concentration and 
the assimilated tissue concentration. The measurement by Kukkonen and Landrum 
(1995) was based on the ratio of the two radiotracers in sediment and feces. Although the 
term assimilation efficiency was used, the parameter they measured was actually 
absorption efficiency. The most important point is that their measurement was based on 
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5-day exposure, which was greatly longer than one gut passage time of the worm used, 
therefore, significantly underestimated the measured assimilation efficiency. The 
assimilation efficiency of phenanthrene measured in this study was comparable to that 
reported by Weston and Mayer (1998). The measured assimilation efficiency of 
phenanthrene (50%) was lower than benzo[a]pyrene (80%).  This is probably due to the 
higher ingestion rate of the worms in the phenanthrene-amended sediment, which caused 
a shorter residence time of sediment-bound phenanthrene in the worms’ digestive system, 
and potentially a lower absorption efficiency. Although elimination of phenanthrene was 
approximately 7 times faster than benzo[a]pyrene, it was still slow compared to 4h, the 
duration of the assimilation efficiency measurements. Another possible contribution to 
the difference of the observed assimilation efficiency is the difference of the 
hydrophobicity exhibited by these two compounds. The observed higher assimilation 
efficiency of BaP compared to phenanthrene was consistent with the positive trend of 
assimilation efficiency with log Kow of various hydrocarbons that has been observed by 
Gossiaux et al. (1998). However, there is also some other research showed that 
assimilation efficiency was negatively correlated with log Kow of the hydrophobic 
compounds and highly hydrophobic compounds usually exhibited lower assimilation 
efficiency due to its slow desorption rate (Niimi and Palazzo, 1986). This disparity is 
likely due to the relative importance of the two processes associated with contaminant 
assimilation: desorption from sediment particles and partitioning into the lipid of the 
organisms. If the assimilation is controlled by desorption of the contaminant to the gut 
fluid, then the highly hydrophobic compound will have lower assimilation efficiency due 
to the lower desorption rate associated with its higher hydrophobicity. If the partitioning  
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Figure 3.7  Fraction of [14C] phenanthrene and [3H] benzo[a]pyrene remained in worms' 
body at different depuration periods. Assimilation efficiency as defined by the fraction of 
body burden remaining at the conclusion of sediment egestion is approximately 50% for 
phenanthrene and 80% for benzo[a]pyrene 
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to the lipid phase controls the assimilation of the contaminant, the more highly 
hydrophobic compound will exhibit higher assimilation efficiency due to its high 
partitioning potential to the lipid phase.  
Figure 3.7 showed that there was no apparent difference in the assimilation 
efficiency for reversibly sorbed and desorption-resistant fraction of phenanthrene. This 
result was unexpected, as significant differences were observed for the equilibrium 
partitioning and desorption kinetics of phenanthrene at these two compartments. For a 
specific compound, assimilation efficiency was usually observed to be related with the 
desorption of the contaminant (Ahrens, et al. 2001). Therefore, differences in the 
desorption characteristics of reversibly sorbed and desorption-resistant fraction of 
phenanthrene should have some effect in the measured assimilation efficiency. The 
identical assimilation efficiency exhibited by the reversibly sorbed and desorption-
resistant fraction of phenanthrene suggests that the worms can access both reversibly 
sorbed and desorption-resistant fraction of contaminants in the intense sediment-
processing environment of the gut. Although assimilation efficiency determines the rate 
of uptake, the ultimate accumulation of phenanthrene and benzo[a]pyrene, however, was 
observed to be independent of the assimilation efficiency but only determined by simple 
partitioning in the sediment, water and lipid system. This raises questions for those 
studies using assimilation efficiency as a measure of bioavailability of the contaminants 
(Luoma and Fisher, 1997; Penry and Weston, 1998) because sediment-associated 
contaminants could have same assimilation efficiency but significantly different steady 
state accumulation as exhibited by the reversibly-sorbed and desorption-resistant fraction 
of phenanthrene.  
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3.4 Summary 
 
Desorption-resistant fraction of phenanthrene was available to I. templetoni but 
with reduced availability compared to reversibly sorbed or labile phenanthrene. This 
reduction was not due to the sediment concentration, worms’ health, desorption kinetics, 
and elimination of phenanthrene, but was found to be approximately proportional to the 
increase in the organic carbon normalized sediment –water partition coefficient. Similar 
result was observed for the sequestered phenanthrene in the “aged” University Lake 
sediment. Although benzo[a]pyrene exhibits high partitioning to the solid phase, 
sediment-associated BaP was available to I. templetoni. Uptake of benzo[a]pyrene was 
slow compared to phenanthrene and apparent steady state was reached after 
approximately one month-exposure, which was probably due to its slow elimination. 
Uptake of BaP was well described by a first-order kinetic model, and no significant 
difference of the normalized accumulation of BaP at the two sediments that had been 
desorbed for one and three batches (B1 and B3) was observed. The normalized 
accumulation of BaP also showed a strong correlation with the sediment-water partition 
coefficient. No apparent difference was observed for the assimilation efficiency of the 
reversibly sorbed and desorption-resistant fraction of phenanthrene although desorption 
characteristics are different between the two fraction.  This implies that gut fluid of the 
worms may enhance the release of the desorption-resistant fraction of phenanthrene in the 
digestive system. The steady state accumulation of phenanthrene and benzo[a]pyrene was 
observed to be independent of the measured assimilation efficiency. Elimination of 
phenanthrene and benzo[a]pyrene was well described by first-order kinetics, but BaP was 
more persistent in the aquatic environment due to the low elimination rate of BaP. 
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CHAPTER 4  
 
CORRELATION OF BIOAVAILABILITY WITH EQUILIBRIUM 
PARTITIONING* 
4.1 Introduction 
 
Biological availability of the sediment or soil-bound contaminants has been found 
to be related to their physical and chemical availabilities (White et al., 1999). Movement 
of molecules into inaccessible regions of the organic and/or mineral matrices is thought 
to limit the amount of substrate available for degradation or uptake by organisms 
(Alexander, 1995; Pignatello and Xing, 1996). More recently, several authors correlated a 
decrease in bioavailability with contaminant sequestration (Landrum et al., 1992; 
Hatzinger and Alexander, 1997; White et al., 1997).  Sequestration of the contaminants in 
soil has led to observations of a decline in release rate and correspondingly a reduction in 
bioavailability. Additionally, there have been several attempts to correlate the 
bioavailability of a contaminant with the desorption kinetics or fast desorption fraction of 
the contaminant (Lamoureux and Brownawell, 1999; Kraaij et al., 2001; Lee, 2001). 
Similarly, a strong correlation of the biota-sediment accumulation factor with sediment-
water partition coefficient was observed for the accumulation of sediment-associated 
phenanthrene and benzo[a]pyrene in Chapter 3.   
 
 
 
                                                 
*Reprinted in part with permission from Environmental Toxicology and Chemistry. Lu 
XX, Reible DD, Fleeger JW, Chai YZ. 2003. Bioavailability of desorption –resistant 
phenanthrene to Oligochaete, Ilyodrilus templetoni. Vol 22,153-160. Lu XX, Reible DD, 
Fleeger JW, Bioavailability, and assimilation of sediment-associated benzo[a]pyrene by 
Ilyodrilus templetoni (Oligochaeta), in press. Copyright 2003 of the Society of the 
Environmental Toxicology and Chemistry. 
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The sediment-water partition coefficient defines the equilibrium pore water 
concentration. The observed inverse relationship between partition coefficients and 
BSAFs is consistent with a two-stage process of uptake into the organism’s lipid, and 
suggests that bioaccumulation is controlled by contaminant pore water concentration for 
a specific compound. This paradigm has been expected for sediment-dwelling organisms 
by many researchers (Lee, 1991; Meador et al., 1995) but has not been previously 
demonstrated for contaminants in a well-defined desorption-resistant compartment. In 
this chapter, a generalized linear model is developed based on the two-stage uptake 
processes to quantify the relationship of bioavailability with sediment-water partition 
coefficient. The validity of the model was tested based on several PAHs and several 
species of freshwater deposit-feeding oligochaetes. 
4.2 Development of Model 
 
Bioaccumulation experiments are usually used to study influential biological 
processes and as probes to study physical and chemical processes (NRC, 2001). The 
equilibrium bioaccumulation model demonstrates that if an organism’s lipid has a similar 
sorption potential as the organic carbon fraction of the sediment, then lipid-normalized 
accumulation in an organism relative to the organic carbon-normalized sediment 
concentration (BSAF) should approach unity for conserved contaminants. 
Bioaccumulation of hydrophobic contaminants with BSAF~1 has been frequently 
observed for benthic organisms in intimate contact with the sediment. For example, 
Ankley et al. (1992) demonstrated BSAFs~1 for both laboratory and field populations of 
oligochaetes exposed to a wide variety of PCB congeners in Fox River/Green Bay 
sediments.  BSAFs of less than unity may therefore represent direct indication of limited 
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bioavailability (or alternatively be a function of elimination or breakdown of 
contaminants after uptake).  In chapter 3, reduced bioavailability of the desorption-
resistant fraction of phenanthrene was observed and the reduction was found to be 
proportional to the increase in sediment-water partition coefficients.  Similar correlation 
between equilibrium sediment-water partition coefficient and the uptake of 
benzo[a]pyrene was observed. Increases in the partition coefficient associated with 
desorption-resistant fraction of contaminants reduce the normalized uptake into the 
organism. This is a direct consequence of the reduction in pore water concentration 
relative to the sediment concentration that is employed in the definition of the biota-
sediment accumulation factor. 
 Bioaccumulation of hydrophobic compounds has been described by two distinct 
partitioning processes: one between the sediment and pore water, and the other between 
the pore water and organism (Connel et al., 1988; Bierman, 1990). However, this 
conceptual model is limited to the cases in which the uptake is from sediment pore water. 
In this chapter, a similar two-stage partitioning process was employed to describe the 
process of uptake into the organism’s lipid based on the uptake of phenanthrene and 
benzo[a]pyrene that have been observed in the previous chapter. This two-stage 
partitioning would be applicable to both exposures (either from pore water or from 
ingested sediment). The two processes include: (1) partitioning from the sediment into 
either pore water or the organism’s digestive fluids and (2) partitioning into the 
organism’s lipid from pore water (uptake from pore water) or digestive fluids (uptake 
from ingested sediment (Fig.4.1).
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Figure 4.1 Two-stage processes for uptake of sediment-bound organic contaminants into the lipid of sediment-dwelling organisms. Ksw 
is the sediment-water partition coefficient, and Klw is the lipid-water partition coefficient. 
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Equilibrium between the lipid and sediment is defined by the following equation:           
              )()()()()()( lipidBaPPhe
lwK
aqBaPPhe
swK
sBaPPhe  →← →←                            (4.1)                      
Where Ksw is the partition coefficient between sediment and pore water or the organism’s 
digestive fluids, and Klw is the partition coefficient between the organism’s lipid and the 
sediment pore water or digestive fluid. The first step of partitioning may be hindered by 
desorption resistance of the compound, if it exists, but the second step will not. 
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For most cases, it is reasonable to assume that the contaminant has similar 
partitioning to the organism’s lipid as the partitioning to the organic carbon fraction of 
the sediment (Bierman, 1990), so Klw ~Kocflipid. 
Then 
                 )/(/~,1~ respKpKor
res
ocKocK
resBSAFandlabBSAF                       (4.5) 
  This model demonstrates that the biota-sediment accumulation factor of desorption-
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resistant or sequestered fraction of contaminant is inversely proportional to the sediment-
water partition coefficient, and thus for a given solid concentration is proportional to the 
sediment pore water concentration. This is consistent with the paradigm that pore water 
concentration controls the accumulation of hydrophobic contaminants observed by many 
researchers (Lee, 1991; Meador et al., 1995) but is generalized to be applicable to 
desorption-resistant fraction of contaminants.  
 We used this model to predict BSAF under a variety of sediment characteristics from 
our own work and from literature values. Predicted values were compared to empirically 
determined measurements. 
4.3 Results and Discussion 
 
Both accumulation of phenanthrene and benzo[a]pyrene followed the paradigm 
that pore water concentration controls the steady state accumulation of hydrophobic 
contaminants although the primary uptake route of these two compounds were expected 
from sediment pore water and ingestion of sediment particles, respectively (Landrum and 
Robbins, 1990; Thomann et al., 1992). When sediment ingestion is the primary exposure 
pathway as in the case of benzo[a]pyrene, the two-stage process of uptake includes the 
partitioning from the sediment to organisms’ digestive fluid, and uptake from the 
digestive fluid into organisms’ lipids.  Digestive fluids and pore water both represent 
intermediate phases for contaminants after desorption from sediment particles. Some 
deposit-feeding invertebrates have been shown to have surfactants (or other compounds) 
in their digestive fluids that enhance partitioning of hydrophobic contaminants from the 
solid phase and decrease Ksw (compared to partitioning in fresh- or sea water) (Weston 
and Mayor, 1998).  The ability of digestive fluids to solubilize phenanthrene and 
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benzo[a]pyrene in I. templetoni and other oligochaetes is unknown.  It is possible, 
however, that surfactants simultaneously decrease partitioning from the gut fluids to the 
lipid, increasing Klw, perhaps by an amount similar to the decease in Ksw.  Although 
surfactants in the gut fluid may enhance the release of the contaminant and potentially 
increase measures of single gut passage absorption efficiency and the rate of the uptake, 
the gut fluid, as an intermediate phase, however, cannot influence the ultimate 
partitioning between the two phases: sediment and tissue. As with any three-phase system 
in physical equilibrium, partitioning between any two of these phases defines the 
partitioning to the third phase. Thus, the ultimate or steady state bioaccumulation of the 
phenanthrene and BaP were observed to be independent of the measured assimilation 
efficiency and controlled only by partitioning in sediment, water, and lipid systems. 
Therefore, extraction by gut fluids as proposed by some authors (Mayer et al. 1996; 
Weston and Mayer, 1998; Weston and Maruya, 2000) does not indicate bioavailability, at 
least at equilibrium or steady state, for a simple partitioning contaminant. Increases in 
uptake without a corresponding increase in body burden may be due to exchange through 
the body wall with surrounding pore water, i.e. an increase in elimination at high rates or 
extent of uptake to maintain equilibrium between the phases. The results of our model are 
consistent with the paradigm that pore water concentration controls the steady state 
uptake into benthic animals exposed to contaminated sediments regardless if the uptake is 
by pore water or sediment ingestion.  More research is needed to characterize the 
relationship between the ability of digestive fluids in deposit feeders to solubilize a 
contaminant and the resulting absorption efficiency of that contaminant to ensure that this 
model can be applied to all benthic animals. 
 79 
The paradigm that pore water concentration controls the steady state uptake of the 
hydrophobic contaminants may also explain the reduction in the BSAF noted by 
Millward et al. (2001) at high sediment pyrene concentrations. Steady state BSAF at 
pyrene concentrations of 20, 69, and 199 nmol/g dry weight approached unity while 
BSAFs at 634 and 1196 nmol/g were 0.7 and 0.4, respectively.  The pore water 
concentration in this sediment, however, was limited by the solubility (S) of pyrene in 
water and an associated critical sediment loading can be calculated as KocfocS. 
Contaminant concentrations in the sediment above this critical loading cannot contribute 
to the pore water concentration or the organism accumulation and the model described 
above predicts a decrease in the BSAF. Employing the pyrene-water solubility value of 
135 µg/L and organic carbon-based partition coefficient of 62700 reported by Means et 
al. (1980), and the sediment organic carbon fraction of 1.2% reported by Millward et al., 
the critical concentration of pyrene in the sediment was approximately 102mg/kg or 
502nmol/g dry weight. The effective partition coefficients (the ratio of observed solid 
phase concentration to the observed pore water concentration) and the predicted BSAF 
values for the two highest sediment concentrations in the experiments of Millward are 
then, 
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                      (4.6) 
This effect can also explain the reduced uptake and toxicity of fluoranthene to 
oligochaete, Lumbriculus variegatus observed by Kosian et al. (1999), in which nonpolar 
resin (Ambersorb 1500) was employed to reduce the effective pore water concentration 
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and increase the effective partition coefficient. This adsorbent effectively reduced the 
pore water concentration of fluoranthene, and the effective partition coefficient of 
fluoranthene increased approximately 50 times (from 9000 to 46200), which resulted in a 
significant reduction in BSAF. The BSAF predicted from the effective partition 
coefficient (Eqn.4.5) was 0.019, which is consistent with the experimentally measured 
BSAF of 0.014.  
Table 4.1 presents predicted BSAF values for the reversibly sorbed and desorption-
resistant fraction of phenanthrene-amended sediments, two desorbed benzo[a]pyrene –
amended sediments(B1 and B3), and sequestered phenanthrene in the “aged” University 
Lake sediment that have been discussed in the previous chapter; the BSAF values 
inferred from the above interpretation of the effective partition coefficient from Millward 
et al. (2001); and a similar estimate of BSAF values reported by Kosian et al.(1999).  The 
high correlation (r2=0.92) between the predicted and the measured BSAFs (Fig.4.2) 
strongly supports the paradigm that sediment pore water concentration controls the 
ultimate accumulation of a specific organic contaminant, and suggests that effective 
partition coefficient (Keff or Kpres) can be used as an approximate predictor for BSAF in 
these animals. Recent work of Kraaij et al. (2003) strongly supports this conclusion 
drawn here. Their results suggest that sediment bioaccumulation of simple partitioning 
compounds in Tubificidae can be described as bioaccumulation from pore water. The 
reduction in the bioaccumulation of sequestered contaminants is due to the reduction in 
the pore water concentration. However, this conclusion has been developed only with 
deposit-feeding benthic oligochaetes that are not expected to metabolize PAHs and thus 
contaminant uptake is largely associated with partitioning. The applicability of the model 
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to other organisms and other contaminants needs to be explored. This conclusion might 
not be applicable to highly hydrophobic compounds that have complicated structures and 
exhibit steric hindrances in crossing biological membranes.  
Besides the two specific cases discussed above, this paradigm can capably explain 
the reduced bioavailability in “aged” or long –term field contaminated sediments that has 
been observed by many researchers (Alexander, 2000).  For example, Landrum et al. 
(1982) observed a continuous increase in the partition coefficient of phenanthrene and 
pyrene over a period of six months after sediment dosing, and a corresponding decrease 
in the uptake rate coefficient by the amphipods, Diporeia spp.  No matter what the type 
and age of the organic carbon present in the sediment, the final impact of desorption 
resistance is to reduce the effective sediment pore water concentration, and 
correspondingly to reduce the potential uptake by sediment-dwelling organisms that are 
exposed to a contaminant from pore water.  
Kraaij et al. (2001) correlated BSAF with another desorption characteristic 
parameter, the rapidly desorbing fraction of the contaminant. Reduced bioavailability of 
native PAHs was observed and associated with the decrease of the rapidly desorbing 
fraction (or increase in the slow-desorption fraction). The model presented in this study 
used the equilibrium sediment–water partition coefficient as a predictor of BSAF because 
steady state conditions were apparently achieved. As a result, the model cannot predict 
accumulation before steady state, and the model is unable to determine what fraction of 
the uptake is from pore water or from sediment particles. When either case is the 
objective of the study, a kinetic-based model is needed .  
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4.4 Summary 
 
Measurements of sediment-water partition coefficients and biota-sediment 
accumulation factors in the previous chapter suggest a two-stage process of uptake into 
the lipid of such deposit-feeding animals.  Because only partitioning from the sediment to 
pore water or digestive fluids is hindered by desorption resistance in the two stages, 
uptake is ulitimately controlled by partitioning to the pore water or digestive fluids.  Our 
results are consistent with the paradigm that pore water concentration controls the 
ultimate steady state accumulation for a specific compound. Steady state accmulation is 
defined by equilibrium partitioning regardless of whether uptake is via sediment 
ingestion or sorption from pore water. A generalized linear model was employed to study 
the relationship of bioavailability with equilibrium partitioning. However, the model was 
developed and tested only on deposit-feeding oligochaetes and PAHs. The applicability 
of the model to other organisms and other contaminants needs to be explored. 
The observations of this study clearly demonstrate that desorption-resistant, or the 
sequestered fraction of contaminants exhibit reduced bioavailability due to the lower 
effective pore water concentration. Therefore, sediment quality criteria based on the total 
contaminant concentration in the sediment and assumuing complete availability will 
overestimate the risk of these pollutants (Alexander, 2000). The two-stage equilibrium 
model suggests that a less conservative criteria may be establised based on the effective 
partition coefficient of the contaminant. Since the steady state accumulation of sediment-
associated hydrophobic organic contaminantsis is controlled by pore water concentration, 
the risk assessment of these contaminants can be significantly simplified through use of 
pore water concentrations as suggested by Kraaij et al.(2003). Unfortunately, it is 
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difficult to measure the pore water concentrations of many highly hydrophobic under 
field conditions. The results of this study and Kraaij et al. (2003) suggest that pore water 
concentration measurement remains the best way to determine bioavailability of simple 
partitioning contaminants. This conclusion may not be valid, however, if organism-
contaminant interactions are complicated by metabolic processes or fate processes other 
than simple partitioning.  
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Table 4.1 Measured (meas) and predicted (pred) biota-sediment accumulation factors 
 
Contaminant Test Organism Keff (Log) BSAFmeas BSAFpred 
Phenanthrene 
Reversible or Labile 
(BM) 
 
 
UL sediment 
Desorption Resistant 
 
 
Sequestrated (UL ) 
 
 
 
 
Ilyodrilus templetoni 
 
247(2.39) 
251(2.40) 
269(2.43) 
650(2.81) 
762(2.88) 
679(2.83) 
948(2.98) 
1524(3.18) 
 
1.20 
1.19 
1.22 
1.25 
0.60 
0.61 
0.57 
0.70 
 
1.0 
1.15  
1.07 
1.25 
0.37 
0.42 
0.32 
0.52 
Benzo[a]pyrene 
Reversible or Labile 
Desorption Resistant 
 
Ilyodrilus templetoni 
 
8374(3.92) 
9145(3.96) 
 
1.33 
1.34 
 
1.33 
1.22 
Pyrenea 
Reversible or Labile 
Desorption Resistant 
 
Limnodrilus 
hoffmeisteri 
 
752(2.88) 
950(2.98)  
1792(3.25) 
 
1.01 
0.70 
0.40 
 
1.0 
0.79 
0.42 
Fluorantheneb 
Reversible or Labile 
Desorption Resistant-
Adsorbent 
 
 
Lumbriculus variegatus 
 
9000 (3.95)c 
462000(5.66)d 
 
N/A 
0.014 
 
1.0 
0.019 
 
a. Data from Millward, et al. (2001) 
b, Data from Kosain, et al.(1999) 
c, Effective partition coefficient of labile fluoranthene was estimated from log Koc of 
fluoranthene (EPA 822-R93-012, 1993 ) and organic carbon content of the sediment. 
d, Effective partition coefficient of the fluoranthene with adsorbent was calculated from 
the partition coefficient of labile fluoranthene and the ratio of the measured water 
concentration of fluoranthene. 
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Figure 4.2 Biota-sediment accumulation factor (BSAF) predicted from the effective partition coefficient versus measured BSAF for 
benzo[a]pyrene, phenanthrene, pyrene and fluoranthene(see text for details)  
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CHAPTER 5  
    
RELATIVE IMPORTANCE OF INGESTED SEDIMENT VERSUS PORE 
WATER AS UPTAKE ROUTES FOR PAHS TO ILYODRILUS TEMPLETONI 
 
5.1 Introduction 
 
Although it was shown in Chapter 4 that the ultimate or steady state accumulation 
of sediment-associated phenanthrene and benzo[a]pyrene was independent of the uptake 
route, the route of exposure may influence the rate of that uptake. Deposit-feeding 
invertebrates can take up organic contaminants from surrounding water, either sediment 
pore water or overlying water, by absorption directly across the body wall or across 
respiratory or feeding surfaces.  In addition, contaminants may be accumulated from 
ingested sediment particles by desorption followed by absorption across the gut in the 
presence of digestive fluids (Weston et al., 2000). Knowledge of the uptake route of 
hydrophobic contaminants by deposit-feeding organisms is very helpful in predicting the 
rate of approach to steady-state body burden, improving sediment toxicity tests, and 
formulating more precise bioaccumulation models. However, determining the primary 
uptake route of the hydrophobic contaminants in a sediment matrix is challenging due to 
the complex physical, chemical and biological processes and their possible interactions 
within the sediment.  
Several methods have been used to quantify the uptake route of organic 
contaminants. These include comparing tissue concentrations of the compounds resulting 
from exposure in the presence and absence of sediment (Fowler et al., 1978; Ma et al., 
1998; Harkey et al., 1994); comparing the uptake of feeding and non-feeding animals in 
sediment (Leppänen and Kukkonen, 1998), and model predictions using either a 
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bioenergetic-based model, a mass-balance model or a diffusion-reaction model (Weston 
et al., 2000; Forbes et al., 1998; Landrum and Robbins, 1990). However, each method 
has limitations and no studies have been conducted using more than one method to 
determine the primary uptake route of different compounds on the same species.  Based 
on studies using several species and divergent methods, the dominant uptake route for 
sediment-associated contaminants with log Kow>5 appear to be from ingested sediment 
particles (Belfroid et al., 1996; Loonen et al., 1997; Meador et al., 1995).  Because 
different species may respond differently to the same compound, tests on a single species 
should be done to confirm this predicted relationship. 
In this chapter, the primary uptake route of two compounds with different 
properties was studied on the same species, the freshwater bulk deposit-feeding 
oligochaete, Ilyodrilus templetoni (Southern) as we used in previous chapters.  Total 
uptake in the worms was measured by monitoring uptake during exposure to 
contaminated sediment.  Total uptake in sediment includes both pore water and sediment 
ingestion pathways.   Absorption of each compound from pore water alone was estimated 
by monitoring uptake in water-only exposures.  Uptake from sediment ingestion was 
estimated by measuring sediment ingestion rates, contaminant assimilation efficiencies, 
and contaminant elimination rates employed in conjunction with a bioenergetic-based 
toxicokinetic model.  
The polycyclic aromatic hydrocarbons phenanthrene (PHE) and benzo[a]pyrene 
(BaP) were investigated.  Previous research  (Landrum and Robbins 1990; Loonen et al., 
1997) suggested that PHE and BaP are taken up by benthic organisms through different 
routes (PHE from sediment pore water and BaP by ingestion of sediment particles) and 
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that differences are related to their differing hydrophobicity.  The model used in this 
study was a bioenergetic-based toxicokinetic model (Norstrom et al., 1976) that assumes 
uptake from each route is independent and additive. It has been used to determine the 
uptake of contaminants from different routes especially from sediment ingestion with the 
experimentally measured model parameters (Weston et al., 2000; Boese et al., 1990). The 
purposes of this study were to examine the primary uptake route of sediment-associated 
phenanthrene and benzo[a]pyrene in I. templetoni, and compare the results from water-
only exposure and uptake via sediment ingestion.   
5.2 Materials and Methods 
 
5.2.1 Total Sediment Uptake of Phenanthrene and Benzo[a]pyrene 
 
The total uptake of phenanthrene from sediment was measured by exposing I. 
templetoni to contaminated sediments and measuring tissue concentrations at different 
exposure periods.  Measurement of uptake kinetics of benzo[a]pyrene was reported in 
Chapter 3. The source of sediment, Bayou Manchac, the test organism, Ilyodrilus 
templetoni, and sediment inoculation and preparation procedures used in this study were 
the same as those in the previous chapters. The phenanthrene-inoculated sediment had a 
concentration of 50.7 µg PHE/g dry sediment and [14C] activity of 81.9dpm/mg dry 
sediment. Uptake of benzo[a]pyrene was measured with two concentrations in Chapter 3, 
and data from the high BaP concentration B1 (the concentration was 25.9 µg BaP/g dry 
sediment) was used in this study as a basis for comparison with the uptake from pore 
water and via sediment ingestion. Measurement of the uptake of phenanthrene was 
similar to the measurement of uptake of BaP. Experiments were conducted in 50-ml glass 
centrifuge tubes. Fifteen sexually mature I. templetoni with similar sizes and purged guts 
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were added to each tube with approximately 50 g wet sediment. Phenanthrene tissue 
concentration was measured with replication at different exposure periods. Three 
replicates were used at each exposure, except for short-term exposures of phenanthrene 
(< two days), in which two replicates were available. 
5.2.2 Water-only Exposure Experiment 
 
This experiment was designed to estimate the uptake of phenanthrene and 
benzo[a]pyrene via absorption from sediment pore water. After purging gut contents, I. 
templetoni of similar sizes were exposed to artificial pond water (0.5 mM NaCl, 0.2 mM 
NaHCO3, 0.05mM KCl, 0.4 mM CaCl2). For the phenanthrene experiment, two 
concentrations, 200 and 500µg PHE/L, were used to investigate concentration effect on 
the uptake. No mortality was observed at either concentration. The dosed solutions were 
made by diluting the spiked solution of unlabeled phenanthrene (Sigma, St Louis, MO, 
USA). For benzo[a]pyrene, the water concentration was originally 2 µg BaP/L  (half of 
the water solubility of BaP) made by mixing 100 µl of [3H] BaP (American Radiolabeled 
Chemicals Incorporation, St Louis, MO, USA) with 250 ml water. Obvious toxicity of 
BaP to I. templetoni at this concentration was observed. Therefore, the solution was 
diluted two times resulting in a water concentration of 1.84E6 dpm/ml (~0.43µg BaP/L), 
and no toxicity was detected at this concentration. The experiments were conducted in 
25-ml glass vials. 9 worms were exposed to 10 ml water in each vial, and two replicates 
were set up at each exposure period. At each sampling time, both worms and water were 
analyzed and the mass balance in the vial was calculated. The uptake from water was 
quantified by the bio-concentration factor BCF (tissue concentration over water 
concentration), which can be derived by solving the coupled mass balance equations of 
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the worms and water (Ma et al., 1998).   Loss from water in the phenanthrene experiment 
was included in the mass balance of water, and only one elimination rate and no 
biotransformation rate was used since previous results showed weak biotransformation of 
benzo[a]pyrene and phenanthrene. The mass balances for worms and water are as 
follows: 
Concentration changes in water: 
                       wCwVlossktMtCektMwCwkdt
wdCwV −+−=                                      (5.1)                               
Concentration changes in worm: 
                                                  tewwt CkCkdt
dC −=                                                      (5.2) 
Where 
Ct, contaminant tissue concentration, µg PHE/g dry tissue or dpm BaP/mg dry tissue 
Cw, water concentration, µg PHE/L or dpm BaP/ml 
Vw, total volume of water, ml 
t, time, h 
Mt, dry weight of worms, mg 
kw ,  first-order uptake rate constant from water, L·kg-1· h-1 
ke, elimination rate constant, h-1 
kloss , loss rate constant from water, h-1 
The rate constants in the model were determined by solving the two differential 
equations simultaneously, and then applying an iterative least square method minimizing 
the difference between the observed and predicted concentration profiles. The calculation 
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and optimization were performed by Matlab programs (Matlab 6.1, Mathworks Inc., 
Natick, MA, USA).  
At the apparent steady state, BCF can be derived from Equation 5.2: 
                                                               
e
w
k
kBCF =                                                        (5.3) 
 Using this BCF and the pore water concentration of the sediment, we can estimate 
the uptake of phenanthrene and benzo[a]pyrene due to absorption from pore water, 
assuming that uptake from pore water and in water-only exposures is similar.  
5.2.3 Uptake via Sediment Ingestion 
 
A bioenergetic-based toxicokinetic model can be used to predict uptake of organic 
contaminants from different routes (Weston et al., 2000; Boese et al., 1990). This model 
has the following general form:  
                                              EECFdtdC XXXt −= ∑ )(/                                            (5.4) 
Where 
X, phase to which the organism is exposed, here the interested phases are sediment pore 
water and sediment particles 
FX, weight-specific flux of phase X through organism, g ⋅g tissue-1 ⋅ time-1 
CX, contaminant concentration in phase X, µg/g 
EX, extraction efficiency in phase X 
E, elimination rate of contaminant due to depuration and metabolic degradation, µg⋅ g 
tissue-1 ⋅ time-1 
If we omit the uptake from pore water and assume only sediment ingestion, the 
model simplifies to: 
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                                                tCeksCASEIRdt
tdC −⋅⋅=                                            (5.5) 
Where 
Ct and ke have the same meanings as defined above 
IR, ingestion rate of worms, g feces g tissue-1 d-1 
ASE, assimilation efficiency of the contaminant 
Cs, concentration of ingested sediment (µg/g), approximated by bulk sediment 
concentration herein. 
Assuming sediment concentration, ingestion rate, elimination rate and 
assimilation efficiency are constant during the exposure, the integrated form of Eqn.5.5 
is: 
               ))exp(1( tekAtC −−=                 Where A=( sCASEIR ⋅⋅ )/ke                                          (5.6) 
  We used Equation 5.6 and the experimentally measured values of sediment 
ingestion rate, contaminant assimilation efficiency and elimination rate to predict the 
tissue concentration that can be achieved solely from ingested sediment particles. 
Comparing this concentration with the observed tissue concentration in the sediment 
exposure, we again estimated what fraction of the total uptake of the contaminant was 
due to sediment ingestion.  
Ingestion rates of the worms were quantified as egestion rates in this study 
because there was no measurable change in the volume or mass of sediment during gut 
passage for deposit feeders (Weston et al., 2000). Egestion rate was measured by 
collecting fecal matter from the sediment surface every other day. Wet feces were 
freezing dried and weighed. The egestion rate of the worms was calculated as the dry 
weight of the feces on a daily basis normalized by the total dry weight of the worms in 
 93 
each tube. The ingestion rate used in the model was the average of the egestion rates for 
each compound at different exposure periods. Measurement of elimination rate and 
assimilation efficiency of phenanthrene and benzo[a]pyrene have been described in 
Chapter 3, and the data was used directly in this Chapter. 
5.2.4 Analytical Procedures 
 
5.2.4.1 Measurement of Sediment Concentration and Tissue Concentration 
Sediment loading of phenanthrene and benzo[a]pyrene was measured by soxhlet 
extraction and analysis on a Hewlett Packard 1100 series high-performance liquid 
chromatography (HPLC, Hewlett Packard, Palo Alto, CA, USA). [14C] phenanthrene and 
[3H] BaP activity in sediment and tissue were counted by a Beckman 6000IC liquid 
scintillation counter (LSC, Beckman Coulter, Fullerton, CA, USA). Further details were 
described in the previous chapters.  
A slightly different procedure was employed in the extraction of tissue 
phenanthrene due to the small amount of tissue samples compared to sediment samples.  
The phenanthrene concentration in tissue was analyzed by the following procedure: 3 
living worms were gently blotted dry on filter paper, weighed on an electro-balance, 
dried and ground by mixing with 1.5 g sodium sulfate in a 8ml glass scintillation vial. 2 
ml acetonitrile was added to each vial, the mixture was sonicated for 20 minutes, and left 
overnight for complete extraction.  Approximately 1ml of the overlying solvent was 
taken out by glass pipette, filtrated through 0.45 µm filter and analyzed by HPLC. 
5.2.4.2 Particle Size Analysis 
To determine the ingestion selectivity of the worms, particle size distributions of 
the sediment and feces were analyzed and compared with each other. Particle size 
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analysis was conducted on a Microtrac SRA particle size analyzer (Leeds&Northrup, FL, 
USA). For each sample, 5 ml sediment or feces slurry was transferred using a disposable 
pipette and injected into the circulator with 290 ml DI water inside. Each injection was 
analyzed automatically for three times and the average of the results were presented as 
the particle size distribution of the tested sample. At the end of each sample injection, the 
sample in the circulator was discarded to the waste bottle, the circulator was first cleaned 
by 50 ml 75% methanol solution (methanol and DI water), and then washed by 50 ml DI 
water for three times. 
5.3 Results and Discussion 
 
5.3.1 Total Uptake from Sediment 
 
The total uptake of phenanthrene at different exposure periods, including uptake 
via absorption from pore water and via sediment ingestion, is presented in Fig. 5.1. 
Phenanthrene tissue concentration increased rapidly during the first 12 hours, an apparent 
drop in accumulation was then observed, followed by a second slow increase to an 
apparent steady state. The first stage of the dramatic increase in uptake was a reflection of 
uptake of the worms upon entering a new environment and was likely due to the uptake 
via absorption from sediment pore water (Harkey at al., 1994). Although no statistical 
analysis could be conducted, the decrease of tissue concentration afterwards may not be a 
simple experimental artifact in that similar results were observed in our other experiments 
and by other researchers (Ma et al., 1998). The mechanism that causes this decrease in 
uptake of phenanthrene, however, is unknown. It could not be due to a decreased 
bioavailability of phenanthrene that has been observed by other researchers (Landrum 
1989; Penry and Weston 1998) because tissue concentration subsequently increased. This 
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decrease might reflect a delay associated with the onset of elimination of phenanthrene 
due either to acclimation of the worm to elimination processes or mass transfer 
resistances associated with elimination. The latter process may be associated with uptake 
by absorption onto the relatively large external surface area of the organism while 
elimination may require diffusion through the organism’s lipids and release into the 
smaller internal surface. It also may be due to the short-term decrease in activity until 
completely acclimated to the new environment.  
  
Figure 5.1 Total uptake of phenanthrene from sediment at different exposure periods. 
 
Unlike phenanthrene, total uptake of BaP increased monotonically until achieving 
a steady state after approximately one-month exposure (see Chapter 3).  This is 
considerably longer than required for achievement of steady state uptake in phenanthrene, 
which is consistent with past observations (ASTM, 1997). 
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5.3.2 Uptake via Absorption from Water 
 
  Uptake of phenanthrene and benzo[a]pyrene from pore water alone was estimated 
through the water-only exposure experiment (Fig.5.2). For phenanthrene, the uptake 
curve from water was similar to the curve from sediment: a dramatic increase followed 
by an apparent decrease, then a slow increase. Similar mechanisms as discussed in the 
preceding section may also contribute to this decrease. Ma et al. (1998) attributed it to the 
non- equilibrium conditions in worms and water. Unlike the uptake in the presence of 
sediment, uptake from water in the water-only exposure never reached steady state due to 
a rapid evaporative loss of phenanthrene at longer exposures. After 24 hours, 
phenanthrene concentration in tissue and water decreased dramatically, and a mass 
balance was not obtained. After 96 h-exposures, only 60% of the total phenanthrene 
could be accounted for, and after 145 hours, the balance decreased below 50%.  Due to 
these evaporative losses, the bioconcentration factor was estimated only from data before 
24 hour. Using Eqn.5.3 and the estimated uptake rate and elimination rate constant, the 
bioconcentration factor (BCF) obtained for the high and low water concentrations were 
4030 and 4150, respectively (Table 5.1), which were very close indicating that uptake of 
phenanthrene from water was independent of the dose at the tested concentration range. 
Using the BCF derived above, and the pore water concentration of the sediment, we can 
estimate the approximate uptake from sediment pore water when steady state was reached 
(Fowler et al., 1978). This uptake was compared with the observed total uptake from 
sediment (Fig. 5.3). The average BCF was 4090, which is approximately equal, but 
slightly greater than the BCF calculated from the steady state body burden and sediment 
pore water concentration in the total uptake experiment (3080±510). Considering the 
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experimental errors involved in the water-only exposure experiment, uptake of 
phenanthrene via absorption from water was consistent with the observed total uptake 
from sediment indicating that the primary uptake of phenanthrene is from sediment pore 
water. 
 
Table 5.1 Estimated uptake rate, elimination rate, and bioconcentration factor of PHE and 
BaP in water –only exposure 
 
 
Compound 
Uptake rate 
from water 
(L·kg-1 · h-1) 
Elimination 
rate (h-1) 
Loss rate 
from water 
(h-1) 
 
BCF 
500 µg/L 2140 0.53 0.023 4030 Phenanthrene 
200 µg/L 2060 0.50 0.026 4150 
Benzo[a]pyrene 0.43 µg/L 95.4 0.037 N/A 2580 
 
Uptake of benzo[a]pyrene from water achieved steady state after approximately 7 
days, much more rapidly than the achievement of steady state in the presence of sediment 
(Fig.5.2). Negligible loss of benzo[a]pyrene was observed during the 10d-exposure, and 
mass balance was above 90% during the whole exposure periods indicating that BaP was 
very stable compared to phenanthrene. Bioconcentration factor of BaP derived from 
Eqn.5.3 was 2580, which is less than 5% of the BCF calculated from the sediment-
exposure experiment (80000). Compared to the total uptake of BaP from sediment, 
uptake of BaP from sediment pore water can only account for approximately 3% of the 
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total body burden (Fig.5.3). The results of the water–only experiment on phenanthrene 
and benzo[a]pyrene of this study were consistent with the study of Ma et al. (1998). 
                                                                      a) Phenanthrene 
Figure 5.2 Changes of phenanthrene and benzo[a]pyrene concentration in worms’ tissue 
and water versus time. The scattered data are experimental results and the solid lines are 
the fit by the mass balance of worms’ tissue and water (Eqn.5.1 &5.2). (Fig.5.2 
continued) 
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b) Benzo[a]pyrene 
 
 
 
 
Fig.5.2 continued 
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Figure 5.3 Comparison of the predicted uptake of phenanthrene and benzo[a]pyrene from 
sediment pore water with the observed total uptake 
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5.3.3 Uptake via Sediment Ingestion 
 
Like other deposit-feeding oligochaetes, I. templetoni can ingest large amounts of 
sediment and is capable of processing up to 10 times its own body weight (dry) in 
phenanthrene-spiked sediment per day (Fleeger, unpublished). I. templetoni used in this 
study had an average wet weight of 2.88(±0.51) mg, and a dry to wet ratio of 0.18(±0.04). 
The average ingestion rate of I. templetoni in phenanthrene-amended sediment was 
approximately 4mg sediment mg dry tissue -1 d-1, and it did not change significantly with 
time after the 4d-exposure(Figure 5.4). Although no mortality was observed in the 
benzo[a]pyrene-spiked sediment, less feces was observed at the surface of the sediment 
and the average ingestion rate was only approximately 2 mg sediment mg dry tissue -1 d-1 
indicating some effect of BaP in the feeding of the worms. Elimination rate and 
assimilation efficiency of phenanthrene and benzo[a]pyrene have been measured and 
presented in Chapter 3. 
 
Figure 5.4 Ingestion rate of I. templetoni in phenanthrene-amended sediment 
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With the measured ingestion rate, elimination rate, assimilation efficiency and the 
sediment concentration, we can estimate uptake of phenanthrene and benzo[a]pyrene that 
derived solely from ingested sediment particles(Fig. 5.5).  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 5.5 Comparison of the predicted uptake of phenanthrene and benzo[a]pyrene via 
sediment ingestion versus the observed total uptake. 
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Uptake of phenanthrene assuming only sediment ingestion accounted for less than 
20% of the total observed uptake at the apparent steady state, and this fraction was even 
lower during the first stage of rapid uptake of phenanthrene. Uptake of benzo[a]pyrene 
from sediment ingestion was in agreement with the observed total uptake from sediment. 
Even at the initial stage of uptake, uptake from sediment ingestion appeared to dominate 
the total uptake. This finding differs from the work of Weston et al. (2000) who found 
that early uptake of the polychaete Abarenicola pacifica may have been from pore water.  
I. templetoni ingests much smaller particles than A. pacifica which may account for the 
greater uptake from sediment particles. The predicted uptake of BaP via sediment 
ingestion in I. templetoni was greater than the observed total uptake during most of the 
exposures, which might be due to the high assimilation efficiency of BaP and the 
assumption that assimilation efficiency was a constant during the whole exposure time. If 
assimilation efficiency declined as an individual approached steady state as demonstrated 
by Weston (1990), the predicted uptake of BaP via sediment ingestion will be more in 
agreement with the observed total uptake from sediment.  
We used assimilation efficiency (ASE) rather than absorption efficiency (AE) as 
some authors have done in bioenergetic models.  Repeated attempts to measure 
absorption efficiency with a dual-label technique using [51Cr] and [14C] labeled PAH with 
tubificids in our laboratory have been unsuccessful using a single-gut passage technique 
(Fleeger, unpublished). Essentially no chromium appeared in the ingested sediment group 
after feeding for the length of time of a single gut passage even though labeled PAH was 
detected.  The result is an AE > 100%.  Lydy and Landrum (1993) showed that another 
selective deposit feeder also did not take up Cr and attributed it to either selective 
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ingestion of particles or entry of labeled PAH via pore water.  ASE should be similar to 
AE in the single- gut passage experiments we conducted because the loss of PAH during 
the 4h- depuration was slow.  If our measure of ASE were inflated by entry from the pore 
water, this would inflate the contribution from sediment suggesting that it may be lower 
than our estimate of 20% for phenanthrene. 
Another uncertainty in using the bioenergetic-based model was that the selective 
feeding of the worms was not considered in this study; we used the bulk sediment 
concentration to represent the ingested sediment concentration. Comparisons of particle 
size distribution of feces and bulk sediment prior to ingestion (Fig.5.6) demonstrated that 
I. templetoni accumulated a significantly higher mass of particles with sizes less than 
1.7µm, and particles from 1.7-5 µm were depleted in the feces. Since the worms cannot 
differentiate the particles within a certain small range, the particle sizes were classed 
based on the work of Kukkonen and Landrum (1994). Particle distributions of the classed 
sizes are displayed in Figure 5.7, which makes the particle selectivity much clearer. 
Comparison of particle size distributions of clean sediment and phenanthrene, 
benzo[a]pyrene-amended, isopropanol-desorbed sediments demonstrated that particles 
with sizes between 1.7-5 µm were significantly reduced in the contaminant-amended 
sediments. Loss of particles at this range was probably due to the washing by isopropanol 
solution, which thus caused a reduction in the organic carbon content of the desorbed 
sediments as we observed in chapter 2. This effect might not influence the feeding of I. 
templetoni because particle size distribution of feces might suggest that the worms would 
not ingest particles in this size range as indicated by the near zero fraction of this size 
range in feces. The enhancement of particles in feces (<1.7µm) could be due to feeding 
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selectivity, but could also be due to the breakdown of larger particles by the action of the 
digestive system. If it is due to the latter mechanism, there is no strong evidence for 
selection and the use of bulk sediment values in the bioenergetic model is acceptable. 
Alternatively, the worms may be selective. However, it is hard to quantitatively 
determine the full extent of selectivity because no information on the distribution of 
PAH, especially in such fine particles, is available. However, since the selected particles 
are in such a narrow range, even if the contaminant concentration in this range is several 
times higher than that in larger particles, it will not cause a correspondingly high 
selectivity index as defined by Weston et al. (2000). Comparison of organic carbon 
content (foc) in sediment and feces demonstrated that the selectivity index of 
phenanthrene and benzo[a]pyrene by I. templetoni should not differ significantly from 
unity because of the relatively small differences between the organic carbon content in 
feces and in sediment (less than factor of 2 for phenanthrene and differing by only 10% 
for benzo[a]pyrene) (Table 5.2). Therefore, the maximum uptake of phenanthrene 
through sediment ingestion ranged from 20% with no selectivity to 40% at maximum 
selectivity. Even assuming maximum selectivity, the uptake of phenanthrene by I. 
templetoni would still be dominated by the uptake from sediment pore water. The 
predicted uptake of phenanthrene and BaP via sediment ingestion was in agreement with 
the prediction by Landrum and Robins (1990), which suggested that sediment ingestion 
would account for 12% of the uptake of phenanthrene and almost 100% of BaP.  
5.3.4 Comparison of the Two Methods 
 
The results on the uptake route of sediment-associated phenanthrene and 
benzo[a]pyrene estimated by water-only exposure experiment and via sediment ingestion   
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were consistent in this study. The water-only exposure experiment was simple and direct, 
but was limited to short exposure times (many bulk deposit feeders suffer rapid and in 
significant mortality in water in the absence of sediment), and is an unnatural life style in 
which these worms may alter their behavior. In addition, the precision of this method at 
long exposure times was poor for phenanthrene due to the instability of this compound in 
water. The method for estimating the uptake via sediment ingestion did not suffer from 
this imprecision although the assumption of constant assimilation efficiency may 
ultimately limit its accuracy.  Selective feeding of the organisms and variability in the 
ingestion rate may also limit the precision of the method. Uptake of hydrophobic 
contaminants from sediment is a complex process, and it depends on the sediment 
characteristics, compound properties, and biological effects of the organisms. Employing 
both water-only and sediment-only exposures to compare to total uptake provides a more 
convincing indication of uptake route if the results are consistent as observed herein. 
Table 5.2  Organic carbon content in sediment and feces 
foc Clean sediment Phenanthrene BaP 
In sediment (%) 1.35(0.03) 1.22(0.02) 1.17(0.01) 1.21(0.01) 1.20(0.02) 
In feces (%) 1.78(0.08) 1.45(0.10) 1.60(0.19) 2.13(0.45) 1.31(0.03) 
The numbers in the parenthesis represent one standard deviation of the mean. 
5.4 Summary 
 
  The results of water-only exposure experiment and the prediction of uptake via 
sediment ingestion provided consistent results on the route of uptake of sediment-
associated phenanthrene and benzo[a]pyrene in a tubificid oligochaete, Ilyodrilus 
templetoni. Both results demonstrated that the primary uptake route of phenanthrene by 
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the organism was from sediment pore water, and the contribution from sediment 
ingestion accounted for less than 20% of the observed total uptake. For BaP, both results 
showed that more than 95% of the uptake of BaP came through sediment ingestion even 
during the initial stages of uptake. These results suggested that the route for hydrophobic 
contaminants varies with their chemical properties, and ingested sediment can be the 
dominant uptake route for hydrophobic compounds with log Kow>5, which is consistent 
with the model predictions by Thomann et al. (1992).  The results presented herein, 
however, are unique in that two different compounds were compared in the same 
organism via two different independent experimental measurements.  
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a) Clean sediment and feces 
Figure 5.6   Particle size distributions of sediment and feces (Fig.5.6 continued) 
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b) Phenanthrene-amended sediment and feces 
 
 
Fig.5.6 continued 
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c) Benzo[a]pyrene-amended sediment and feces 
 
Fig.5.6 continued
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a) Clean sediment and feces 
b) Phenanthrene-amended sediment and feces 
c) Benzo[a]pyrene-amended sediment and feces 
Figure 5.7 Particle distributions of sediment and feces in classed sizes 
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CHAPTER 6  
 
IMPACT OF SEDIMENT INGESTION AND DIGESTION ON CONTAMINANT 
RELEASE AND BIOAVAILABILITY 
 
6.1   Introduction 
 
Digestive fluids of deposit feeders have been shown to be far more effective at 
solubilizing PAHs than seawater (Penry and Weston, 1998; Weston and Mayer, 1998). 
Digestive fluid solubilization or digestive fluid extraction has been proposed as a 
measurement of or tool to predict bioavailability of sediment-bound hydrophobic organic 
contaminants (Mayer et al., 1996; Weston and Mayer, 1998; Weston and Maruya, 2000). 
Digestive fluid extraction is an innovative and direct methodology, but is not feasible for 
Ilyodrilus templetoni and other small freshwater oligochaetes due to their small size and 
limited volume of gut fluids. The primary effect of the increased solvation potential of 
gut fluids would be to increase the rate of release of the contaminant and not the ultimate 
quantity that might partition to a third phase, either pore water or the organisms’ lipids.  
The studies described previously would then suggest that this effect of gut fluids would 
not change steady state accumulation in the organism.  It is also possible, however, that 
the gut fluids may fundamentally change the character of the sediments since overtime 
the worms process a significant fraction of the surface sediment and excrete it as fecal 
matter, and thus enhance the bioavailable portion of the contaminant.  It is this hypothesis 
that will be evaluated in this chapter.  
In this study, the hypothesis will be tested indirectly and based on the analysis and 
examination of the observed physical, chemical and biological responses of the 
contaminants and the expected responses of these contaminants in worms’ feces: 
 113 
desorption, assimilation and bioavailability of sediment-associated phenanthrene and 
benzo[a]pyrene will be reanalyzed, desorption and particle size distribution of the 
worms’ feces will be studied, and will be compared with the bulk sediment.  
Feces of deposit-feeders is actually the ingested sediment after digestive 
processing by the organisms, contaminants associated with the ingested particles can thus 
be transported to chemically and physically distinct environments (Horng and Taghon, 
2001). So differences between desorption of contaminants in feces and desorption in the 
bulk sediment may reflect the organisms’ digestive impact on the ingested sediment. 
Only the equilibrium sediment-water partition coefficient of feces will be measured in 
this study because previous studies have shown that ultimate steady state 
bioaccumulation of a hydrophobic organic contaminant was determined by the 
equilibrium partitioning but not by the desorption kinetics. Most deposit-feeders 
selectively ingest fine particles of the sediments (Mayer et al., 1996; Weston and Mayer, 
1998; Weston et al., 2000; Weston and Maruya, 2000; Millward et al., 2001), which are 
usually associated with higher organic carbon content and higher contaminant 
concentration. So, differences between feces and bulk sediment available for ingestion 
could be due to selectivity of sediment ingestion rather than the effects of digestion by 
the worms. This will be tested by comparing the particle size distribution of feces with 
the distribution of the fresh sediment. The studies addressed in this chapter are very 
preliminary, the results of the experiments or the design of the experiment itself may not 
be sufficient to answer the addressed questions. They may, however, at least provide 
some supplementary information in further understanding the effect of ingestion and 
digestion processes of the deposit-feeding organisms on contaminant bioavailability. 
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6.2       Materials and Methods 
6.2.1 Sediment 
 
Besides the Bayou Manchac sediment as we used in most of our studies, another 
sediment, University Lake, Baton Rouge, LA, will be used in this study because 
preliminary experiments have shown that Ilyodrilus templetoni exhibited significantly 
higher egestion in this sediment and enough feces for subsequent studies was generated. 
The sediment was initially free of contaminants and was inoculated with three 
compounds: dibenzofurane (DBF), phenanthrene (PHE) and pyrene (PYR). At the 
beginning of the experiment, the sediment had been aged for approximately 50 months. 
Sediment properties and contaminant loading on the sediment at the beginning of 
experiment or at the end of aging are listed in Table 6.1 
Table 6.1 Properties of University Lake sediment and contaminant loading 
Sand (%) 3 
Silt (%) 41 
Clay (%) 56 
Organic carbon fraction (%) 2.53 (±0.02) 
Dibenzofuran (µg/g) 10.0 (±1.8) 
Phenanthrene (µg/g)  1.6 (±0.2) 
Pyrene (µg/g)  45.9 (±3.0) 
 
In Table 6.1, sediment structure data was obtained from Ravikrishna (2000), 
organic carbon fraction and sediment loading of the contaminants were measured in this 
study as these data changed with time. Compared with the freshly inoculated sediment, 
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significant loss of dibenzofuran and phenanthrene was observed but the pyrene 
concentration and the organic carbon fraction was stable. Again, only phenanthrene 
results will be presented in this chapter. 
6.2.2 Collection of Feces 
 
 Bioaccumulation assay experiments were conducted on the University Lake 
sediment with 5 replicates (the results were presented in Chapter 3), and the same test 
organism, Ilyodrilus templetoni, was used in this experiment. Details of the conduct of 
the experiments have been described in Chapter 3. Feces were collected every other day, 
and only feces after 5d-exposure were kept for further studies. The feces collected at 
different exposure periods were not combined but analyzed separately. Weight of feces, 
contaminant concentration in feces and sediment –water partition coefficient of feces 
were measured at different exposures.  
 All the other feces used in this chapter were collected from previous experiments 
associated with Bayou Manchac sediment.   
6.2.3 Measurement of the Partition Coefficient of Sediment after Worms’ 
Exposure 
 
 At the end of the bioaccumulation experiment, the test tubes with worms were 
gently tapped to disturb the worms and encourage them burrowing down to the bottom of 
the tube. Then, the rings and cheese-cloth were removed from the tubes, and the top layer 
of sediment (<1cm) with obvious processing by the worms was carefully taken out by a 
stainless steel spatula. Moisture content, sediment loading, organic carbon content as well 
as the sediment-water partition coefficient of the sediment were measured using the 
procedures described in previous chapters. Same measurements were conducted on 
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control sediment (same set up as the tested sediment but without worms). Partition 
coefficient of the contaminants in pre-exposure sediment, and after-exposure sediment 
with and without worms were compared. The design of this experiment tested the effect 
of bioturbation caused by sediment ingestion and sediment processing by the worms on 
the release of the sediment-associated contaminants on a macro-scale. 
6.2.4 Measurement of Partition Coefficient of Feces 
 
Measurement of the sediment-water partition coefficient in feces is similar to the 
measurement on sediment, as we have described in chapter 2, but using smaller amounts 
for each sample. To keep the same solid to water ratio in the vial, 8 ml glass vials rather 
than 25 ml vials were used with 0.1 mg dry feces and approximately 8 ml electrolyte 
solution in each vial (0.01M NaCl, 0.01M CaCl2⋅2H2O, and 0.01 M NaN3 in deionized 
water). The mixture of feces and electrolyte solution was then tumbled for 10 days on a 
roller miller. Water concentration was analyzed and the corresponding feces 
concentration was determined assuming 100% mass balance. Sediment-water partition 
coefficient of contaminants in feces was calculated and normalized by the organic carbon 
content of feces. 
6.2.5 Statistics 
 
Statistical analysis of partition coefficients of sediment and feces was based on 
tube replication (n=3) for each sediment treatment. Differences between two means were 
compared by using Student’s t-test. For University Lake sediment (Table 6.4b), 
differences among partition coefficients of PHE in feces at different exposure periods 
were analyzed by ANOVA, and differences between partition coefficients of PHE in 
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feces and in sediment were analyzed by pair-wise comparisons using Student’s t-test.  
Differences were considered statistically significant when p<0.05.  
6.3    Results and Discussion 
6.3.1 Ingestion Rate and Selectivity of I. templetoni  
 
Ingestion rate and selectivity of I. templetoni for phenanthrene or benzo[a]pyrene-
amended Bayou Manchac sediment have been discussed in chapter 5. Here, only results 
on “aged” University Lake sediment are presented and will be compared with the 
previous data on Bayou Manchac sediment. Again, ingestion rate was quantified as 
egestion rate here. More feces was produced by the worms immersed in University Lake 
sediment. The ingestion rate increased from day 4-5 to day 6-7 and became stable after 
that (Fig.6.1). Therefore only ingestion rate of the last 4 sampling periods was used to 
calculate the average ingestion rate. Unfortunately, statistical analysis could not be 
conducted because feces from each replicate was pooled. The average ingestion rate of I. 
templetoni in University Lake sediment was 8.49 (± 0.88) mg feces mg dry tissue-1 d-1, 
which was about twice the ingestion rate of I. templetoni in phenanthrene-amended 
Bayou Manchac sediment that was shown in chapter 5. Total organic carbon content was 
likely not a possible reason for the increase because foc of the University Lake sediment 
was approximately twice that of the Bayou Manchac sediment. Increasing organic carbon 
content has been observed to cause a lower ingestion rate (Landrum and Faust, 1991; 
Weston et al., 2000). The observed difference of the ingestion rate in these two sediments 
may be due to differences in sediment structure because the University Lake sediment is 
mainly composed of fine particles (silt and clay), which are the preferred particle sizes by 
most deposit feeders (McMurthy et al., 1983; Millward et al., 2001). The high ingestion 
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rate of the worms in University Lake sediment may increase the uptake of phenanthrene 
via sediment ingestion. This increase, however, would be counterbalanced by the 
decrease in the assimilation efficiency associated with the high organic carbon content of 
the University Lake sediment (Weston and Mayer, 1998). Therefore, the high ingestion 
rate will not cause problems to the uptake route study addressed in the previous chapter.  
 
 
 
 
Figure 6.1 Ingestion rate of I. templetoni in University Lake sediment (UL). The 
ingestion rate was based on the dry weight of feces and tissue. 
 
Like fecal phenanthrene concentration in the exposure to Bayou Manchac 
sediment observed in Chapter 5, fecal phenanthrene concentration in the exposure to 
University Lake sediment was slightly lower than the sediment concentration and did not 
change much with exposure period (Fig.6.2). These data suggested that sediment PHE 
concentration was reduced during gut passage probably by absorption across the gut wall.   
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Figure 6.2 Phenanthrene concentrations in fecal matter at different exposure periods to 
University Lake sediment. 
 
Compared to the apparent selectivity of fine particles (<2 µm) of Ilyodrilus 
templetoni in the Bayou Manchac sediment, this species seemed to select much larger 
particles (45µm to 170µm) when immersed in University Lake sediment (see Fig.6.3 for 
particle size distribution of sediment and feces). Again, the particles with sizes from 2 to 
6 µm were depleted in the feces as we observed in the Bayou Manchac sediment, which 
further demonstrated that the worms cannot or will not ingest the particles at this range, 
or they break these particles in their digestive systems as we proposed in the previous 
chapter with studies on Bayou Manchac sediment. However, why the worms avoided 
these particles is unclear. The enhancement of particles of sizes between 45µm to 170µm 
could be a reflection of worms’ particle selection; it also could be due to the repacking or 
pelletization of the ingested small particles by the worms during gut passage. The organic 
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carbon content data of fecal matter seemed to support the hypothesis of pelletization 
because organic carbon content of feces at different exposure periods were approximately 
50% higher than the bulk sediment (Table 6.2), and the higher organic carbon content 
was usually associated with more fine particles. 
Therefore, sediment ingestion of the deposit-feeding organisms is a very 
complicated process. The organisms can selectively ingest different particle sizes that are 
associated with different distributions of the contaminants, and they can also adjust their 
ingestion rate based on the exposure concentration, organic carbon content, and the 
structure of the sediment. These complications in ingestion increase the difficulty of the 
studies that will be addressed in this chapter. 
Table 6.2 Organic carbon content (foc) in sediment and feces 
foc  (%) 
Feces Sediment 
Day 4-5 Day 6-7 Day 8-9 Day 10-11 Day 12-13 
3.53 3.71 3.25 2.97 2.90 
2.53 
 
6.3.2 Impact of Bioturbation and Ingestion on the Partitioning of the 
Contaminants 
 
Sediment-water partition coefficients of the sediment after 15d- exposure to 
worms were measured and compared to the partition coefficients of the control sediment 
and the original sediment (freshly prepared sediment without exposure to the overlying 
water and worms). The results (Table 6.3) showed that there was no statistically 
significant difference of the partition coefficients between the original sediment and the 
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Figure 6.3 Particle size distributions of sediment and feces (University Lake sediment). (A) Particle distribution on all sizes, (B) 
Particle distribution on classed sizes. 
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sediment after exposure to the overlying water (control sediment) for desorption-resistant 
fraction of phenanthrene in Bayou Manchac sediment and sequestered phenanthrene in 
“aged” University Lake sediment (both p values >0.05), indicating that release of these 
contaminants to the overlying water did not change the partitioning of these contaminants 
in sediments as they are already associated with desorption-resistant site or already 
sequestered. Partition coefficient of reversibly sorbed phenanthrene in the control 
sediment (BM) was significantly higher than that in the original sediment (p<0.05), 
which was due to the loss of the reversible fraction in the sediment by release to the 
overlying water and consequently a higher ratio of desorption-resistant fraction to 
reversible fraction in the sediment. For most sediment treatments, partition coefficients of 
the sediment with worms were not significantly different from the partition coefficients 
of the control sediment. This result is consistent with the observation of Kraaij et al. 
(2001). Similar conclusions can thus be drawn here. These results demonstrated that 
“neither ingestion of sediment particles nor bioturbation with subsequent changes of 
redox conditions and biodegradation in the sediment affected the sequestration or 
partitioning of the contaminants on a macro-scale” (Kraaij et al., 2001).  
6.3.3 Comparison of the Partition Coefficients of Sediment and Feces 
 
Besides the partition coefficients of sediment at different exposure conditions, 
partition coefficients of the feces were also measured and compared to the partition 
coefficients of the original sediment. The results are listed in Table 6.4. 
For University Lake sediment, partition coefficients of phenanthrene in fecal 
matter were not significantly different from those exhibited in the sediment. Similar 
results were observed for the desorption-resistant fraction of phenanthrene in the Bayou 
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Manchac sediment. These results were consistent with the observations by Horng and 
Taghon (2001) in studying the loss rate of polycyclic aromatic hydrocarbons from 
sediment and deposit-feeder fecal matter, who observed that deposit-feeder fecal matter 
exhibited similar desorption rate constant as the uneaten sediment. Both results implied 
that the desorption-resistant or sequestered fraction of phenanthrene incorporated into 
fecal matter had virtually the same fate as in the uneaten sediment. The observed 
significant difference for the partition coefficients of reversibly sorbed phenanthrene in 
the fecal matter and the Bayou Manchac sediment may be due to the reduction of the 
reversible fraction during gut passage as a result of assimilation by the organism. Based 
on the inverse linear model developed in chapter 4, the decrease in the partitioning to 
water phase of the fecal matter may cause a decrease in the bioavailability or 
biodegradation of these contaminants by bacteria after the ingestion and digestion 
processing of the sediment by deposit-feeders. Therefore, transferring sediment to fecal 
matter by deposit-feeders actually increase the persistence of these organic contaminants 
in the aquatic system.  
The partition coefficient of benzo[a]pyrene in fecal matter, however, was one 
order lower than that in the uneaten sediment indicating increased release of 
benzo[a]pyrene by deposit-feeder ingestion. The mechanism that causes this enhanced 
release of benzo[a]pyrene in fecal matter is unclear and difficult to rationalize. One 
possibility may be that the surfactants or enzyme in the worms’ digestive system 
weakened the strong binding of the highly hydrophobic compound like benzo[a]pyrene 
with the sediment organic carbon. No matter what the mechanism, this one order 
decrease for the partition coefficient of benzo[a]pyrene in the fecal matter would, if  
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Table 6.3   Partition coefficients of phenanthrene at different sediment treatments 
 
Bayou Manchac sediment University Lake sediment 
 
Log Koc 
Reversibly 
sorbed PHE 
Significance Desorption-
resistant 
fraction of PHE 
Significance PHE Significance 
Original 
sediment 4.36(0.04)  + 4.76(0.05) + 4.78(0.04) + 
After 15 day 
exposure 
with worms 
4.66(0.10)  − 4.88(0.03) +  4.77(0.04) + 
Control 
 sediment 4.55(0.08)  − 4.82(0.05) +  4.80(0.02)  + 
                                      
                The numbers in the parenthesis represent one standard deviation from the mean 
                Sediment treatments with the same symbols indicate that difference between the partition coefficients of PHE in  
                these two treatments is not statistically significant. 
                No comparisons between the original sediment and the control sediment were made.  
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Table 6.4 Partition coefficients of PHE and BaP in feces and sediment 
(a) Bayou Manchac sediment 
 
 
 
 
 (b) “Aged” University Lake sediment 
 
 
 
 
 
         
 
Log Koc Reversibly 
sorbed PHE 
Significance Desorption-resistant 
fraction of PHE 
Significance BaP Significance 
Feces 4.50(0.03) + 4.80(0.03) + 4.89(0.01) + 
 Sediment 4.36(0.04) − 4.76(0.05) + 5.88(0.06) − 
Log Koc Day 4-5 Day 6-7 Day 8-9 Day 10-11 Day 12-13 Sediment 
PHE 4.88(0.13) 4.84(0.03) 4.82(0.17) 4.78(0.11) 4.90(0.03) 4.78(0.04) 
Significance + + + + + + 
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confirmed, have a significant effect on the fate of this contaminant in the aquatic system.  
This result should be confirmed with replicate measurements. 
To sum up, transferring sediment by ingestion and digestion of the deposit-feeders 
to fecal matter can either enhance or retard or have no effect on the release of the 
sediment-bound contaminants depending on the compound characteristics, 
sorption/desorption characteristics of the compound in the sediment matrix, fecal matter 
characteristics associated with sediment characteristics, and the organisms’ feeding 
selectivity.  Additional work is needed to come to any firm conclusions. 
6.3.4 Impact of Deposit Feeder Digestion on Contaminant Release 
 
In the experiments described above, impacts of the ingestion of deposit feeders on 
contaminant release were studied by comparing the partitioning characteristics of the 
sediment before and after ingestion. In this section, this impact was investigated by 
comparing the observed biological and physical-chemical availability of sediment- 
associated contaminants in the worms’ digestive system or during sediment digestion.  
No new experiments were conducted in this section, the obtained results on physical- 
chemical availability and bioavailability of sediment-associated phenanthrene and 
benzo[a]pyrene in Bayou Manchac sediment were reanalyzed, and implications of the 
impact of sediment ingestion and digestion on contaminant release were inferred from 
these results. 
Although assimilation efficiency cannot accurately represent the bioavailability of 
sediment-associated contaminants due to the reasons we discussed in chapter 4, it reflects 
the availability of a contaminant in the digestive system of an organism. Assimilation 
efficiency was considered to be directly related with the desorption kinetics of a 
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contaminant in the worms’ digestive fluid (Weston and Maruya, 2000). Assimilation 
efficiency of desorption-resistant fraction of phenanthrene and reversibly sorbed 
phenanthrene were almost identical indicating equivalent bioavailabilty of these two 
compartments in the worms’ digestive system.  This is difficult to explain based upon the 
physical-chemical availability exhibited by these two compartments. The desorption rate 
of desorption-resistant fraction of phenanthrene was approximately half of that exhibited 
by reversibly sorbed phenanthrene, which suggested that desorption-resistant fraction of 
phenanthrene would be less available to be absorbed during the gut passage. The identical 
assimilation efficiency exhibited by the desorption-resistant fraction of phenanthrene and 
reversibly sorbed phenanthrene implies, however, that these two compartments have 
similar availability in the presence of digestive fluid. The high assimilation efficiency of 
the desorption-resistant fraction of phenanthrene is likely due to the enhancement by 
digestive fluids. High solubility of digestive fluid as observed by Penry and Weston 
(1998) may enhance the release of the desorption-resistant fraction of phenanthrene. 
Physico-chemical desorption measurements showed that in 40 minutes (time scale of 
assimilation efficiency measurement), about 4% of the sorbed phenanthrene would be 
released to the sediment pore water, but the assimilation efficiency shows that at least 
50% of the phenanthrene is released from ingested sediment in the presence of digestive 
fluid. This evidence shows the strong enhancement of release of sediment-associated 
phenanthrene by the digestive fluid during gut passage or on the micro-scale of sediment 
ingestion. As noted previously, however, this enhanced release from the desorption-
resistant fraction of phenanthrene did not result in increased steady state accumulation. 
Significant enhancement impact of digestive fluid on contaminant release was also 
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observed for the desorption of benzo[a]pyrene. There was at most 1% of BaP would be 
released from sediment during the 40 minutes, but there would be as high as 80% of BaP 
released from ingested sediment as suggested by the measured assimilation efficiency. 
Although digestive fluid significantly enhances the release of sediment-associated 
contaminants during gut passage and may change the rate of accumulation, it cannot 
increase the ultimate bioavailability of these contaminants, which was controlled by the 
equilibrium partitioning of the contaminant between sediment and pore water. Model 
development and implications of the results have been discussed in Chapter 4. 
6.4 Summary 
 
Extensive studies were conducted to determine the impact of sediment ingestion 
and digestion on the release of sediment-associated contaminants and its implications on 
the bioavailability of these contaminants. Some of them are, however, at a preliminary 
stage. The results showed that sediment ingestion is a very complicated process given the 
differential selectivity exhibited by the organism, complexity of sediment characteristics 
and large variability of contaminant properties. Although ingestion of sediment particles 
had no impact on sequestration and partitioning of the sediment-associated contaminants 
on a macro-scale, sediment ingestion and digestion by I. templetoni significantly enhance 
the release of the contaminants from ingested sediment particles in their micro- 
environment (digestive system) as demonstrated by other deposit feeders (Kraaij et al., 
2001). However, this enhancement will not influence the ultimate bioaccumulation of the 
hydrophobic organic contaminants. 
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CHAPTER 7  
 
CONCLUSIONS AND RECOMMENDATIONS  
 
7.1 Conclusions 
 
The primary objective of the work presented in this dissertation was 
understanding the sequestration of organic contaminants in soils and sediments and the 
corresponding consequences to contaminant bioavailability. The study used the sediment-
dwelling macro-fauna, Ilyodrilus templetoni (Southern), a bulk deposit-feeding 
freshwater tubificid oligochaete, as a critical receptor, and focused on low solubility 
organic contaminants that are primary soil and sediment contaminants throughout the 
United States with particular emphasis on polycyclic aromatic hydrocarbons (PAHs). The 
work conducted in this study includes: preparation and characterization of phenanthrene 
and benzo[a]pyrene-amended and isopropanol solution desorbed sediments; 
bioavailability studies on these sediments; investigation of the correlation of biological 
availability with the physical and chemical availability of the contaminants; studies on 
the uptake route of the sediment-bound contaminants; and investigation of the impact of 
sediment ingestion and digestion on the release of the sediment-associated contaminants. 
The results derived from these studies are essential for risk-based decision making, in 
particular the determination of no-action levels and end points for remediation processes.  
The conclusions that can be drawn from this study are as follows: 
• Desorption of phenanthrene was faster and more extensive than the desorption of 
benzo[a]pyerene. 
• Desorption resistance, as measured by reduction in rate and equilibrium extent of 
contaminant release, was significant for phenanthrene, but was not apparent for 
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benzo[a]yrene. This result is consistent with the prediction by the biphasic model 
of Kan et al. (1998) that may be an experimental artifact associated with the slow 
sorption characteristics of the more hydrophobic benzo[a]pyrene. 
• Desorption-resistant fraction of phenanthrene and “aged” phenanthrene was 
available to freshwater deposit-feeding oligochaete, Ilyodrilus templetoni, but 
with reduced availability compared to reversibly sorbed phenanthrene.  
• The reduction in bioavailability of desorption-resistant fraction of phenanthrene 
and “aged” phenanthrene was approximately proportional to the increase in the 
apparent sediment-water partition coefficient. 
• The two isopropanol desorbed and benzo[a]pyrene-amended sediments exhibited 
identical sediment-water partition coefficient and equivalent steady state 
bioaccumulation. 
• A linear inverse model was established based on the results of this study and some 
literature data, and effective sediment-water partition coefficient could be used to 
predict the biota-sediment accumulation factor of desorption-resistant fraction of 
contaminants. 
• The correlation of steady state bioaccumulation of phenanthrene and 
benzo[a]pyrene with the sediment-water partition coefficient demonstrates that 
pore water concentration controls the ultimate accumulation of sediment-
associated organic contaminants.   
• Ilyodrilus templetoni exhibited higher assimilation efficiency for benzo[a]pyrene 
and identical assimilation efficiency for reversibly sorbed and desorption- 
resistant fraction of phenanthrene, but the ultimate accumulation of phenanthrene 
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and benzo[a]pyrene was observed to be independent of the measured assimilation 
efficiency, but was determined by equilibrium partitioning of the contaminant 
between sediment and pore water. 
• Because partitioning defined the steady state accumulation, gut fluid extraction 
efficiencies would not indicate bioavailability for these compounds in the test 
organisms.   
• Ilyodrilus templetoni exhibited weak potential of biotransformation for both 
phenanthrene and benzo[a]pyrene. 
• The uptake route of sediment-associated phenanthrene and benzo[a]pyrene was 
studied using two methods: water-only exposure experiment and prediction of 
uptake via sediment ingestion. Both results demonstrated that the primary uptake 
route of sediment-associated phenanthrene and benzo[a]pyrene is via absorption 
from sediment pore water and ingestion of sediment particles, respectively.  
• Sediment ingestion and digestion does not influence the partitioning of the 
contaminants in the sediment on a macro-scale, but it significantly increases the 
release of desorption-resistant fraction of phenanthrene in the microenvironment 
of the worms’ digestive system. The results need to be further explored. 
The results of this study lead us to the following overarching conclusions relative to 
the bioavailability of the desorption-resistant fraction of contaminants: steady state biota-
sediment accumulation factor for simple partitioning contaminants such as PAHs in the 
tubificid oligochaetes studied, is independent of the route of uptake and partitioning to 
pore water provides good indication for bioavailability. This conclusion was supported by 
the recent results of Kraaij et al. (2003), which identified pore water concentration as a 
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good predictor of accumulation in a variety of compounds. These conclusions would be 
complicated by metabolic processes that might occur with other compounds or in other 
organisms that would introduce fate processes other than simple partitioning. In 
particular, these conclusions might not be applicable to highly hydrophobic compounds 
that have a large and complicated structure that may not be able to pass through 
biological membranes and thus do not partition to organisms in a manner similar to 
partitioning to organic matter in sediments. 
7.2 Recommendations 
The current study focused on bioavailability of sediment-associated, desorption-
resistant fraction of contaminants. It is thus a step towards determining the risk of leaving 
those residual and desorption-resistant fraction of contaminants in place. However, there 
were a few aspects that were not considered or were not studied well but were expected 
to be important in decision-making. 
• Desorption resistance was not observed for the desorption of benzo[a]pyrene, 
which is unexpected as significantly higher partitioning to the hard carbon was 
also observed for highly hydrophobic contaminants by some researchers (Jonker, 
2002). The observed lack of resistance for BaP may be an experimental artifact 
associated with the slow sorption characteristics of the more hydrophobic 
benzo[a]pyrene and the short period for sorption equilibrium (three weeks 
sorption was employed in this study). Therefore, a long-term sorption experiment 
or used of field contaminated sediments is needed to assess if the lack of 
desorption resistance for highly hydrophobic contaminants is a true case or just an 
experimental artifact. Bioavailability of these sediments will be tested to check 
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the applicability of the pore water model that has been demonstrated so far using 
the contaminants experienced short- term sorption to the sediment matrix. 
• All experiments conducted in this study were single compound related, either 
phenanthrene or benzo[a]pyrene; the interaction of these two compounds in the 
sediment matrix was not considered. It may be inappropriate to extrapolate the 
conclusions drawn from this study to fieldwork where more than one compound 
resides together. The coexistence of other compounds may influence the sorption 
behavior of the individual compound, as well as its transport rate and final fate in 
the aquatic system (McElory et al., 1989). For example, White et al. (1999) found 
that existence of pyrene in the soil increased the bioavailability of aged 
phenanthrene. This phenomenon is usually called competitive sorption. It is thus 
important to consider the competitive desorption of phenanthrene and 
benzo[a]pyrene in the sediment matrix. If the highly hydrophobic benzo[a]pyrene 
increases the release of the sequestered phenanthrene as pyrene did in the study 
by White et al., then the bioavailability of desorption-resistant fraction of 
phenanthrene would increase, and the subsequent biomagnification by the 
predators would increase as well as the risk of these kinds of contaminants. This 
study has tried to measure the sediment-water partition coefficient in the presence 
of different concentrations of pyrene and benzo[a]pyrene. It seemed that pyrene 
and benzo[a]pyrene did not influence the partitioning of phenanthrene as 
indicated by the change of sediment-water partition coefficient. However, the 
results were not convincing because the pyrene and benzo[a]pyrene 
concentrations were very low and almost the same for all sediment treatments. 
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Additionally, the selected sediment had been stored for more than three months; 
phenanthrene concentration and activity had significantly decreased and were 
very low at the initiation of the experiment. Therefore, a better controlled 
sediment preparation and experiment needs to be conducted.  A bioaccumulation 
experiment should be conducted on the sediment amended with two compounds 
to check the effect of presence of benzo[a]pyrene on the bioavailability of 
phenanthrene or vice versa. The results can be correlated with the physico-
chemical availability to check the applicability of the inverse linear model 
established in this study to two-compound systems. 
• Phenanthrene and benzo[a]pyrene are the primary focus of the experimental 
measurements in this study. There are large differences in the properties of these 
two compounds, which result in totally distinct results for these two compounds. 
For example, significant desorption resistance was observed for phenanthrene but 
no apparent resistance was observed for the desorption of benzo[a]pyrene; The 
uptake of phenanthrene was dominated by the absorption from sediment pore 
water, but the uptake of benzo[a]pyrene was almost completely through sediment 
ingestion. It seems that many results of these two compounds are opposite from 
each other and intermediate results are missing, which makes it impossible to see 
the transition from one case to another opposite case. Therefore, it would be 
helpful to run experiments on another compound that has hydrophobicity ranged 
between phenanthrene and benzo[a]pyrene, e.g. pyrene. This may provide 
information on when desorption resistance starts to become apparent, and when 
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sediment ingestion starts to dominate the uptake. Additional information on the 
moderate hydrophobic compounds is also necessary for model establishments. 
• Throughout this study, only one organism, the freshwater deposit-feeding 
oligochaete, Ilyodrilus templetoni was used to assess the bioavailability of the 
desorption-resistant fraction of phenanthrene and benzo[a]pyrene. This species 
has been observed to have limited potential to metabolize these two compounds.  
This was appropriate for these studies because we were attempting to examine 
partitioning and accumulation (significant elimination would have made that 
harder) Therefore, the model established in this study was only applied to those 
organisms with limit metabolism. The applicability of the model to the organisms 
with significant metabolism of the contaminant needs to be tested by conducting 
similar experiments on another organism that has been known to significantly 
metabolize contaminants. Results on this organism may modify the existed model 
to make it more general. 
• Partition coefficients of phenanthrene and benzo[a]pyrene in the fecal matter 
produced by I. templetoni were measured and compared with the partition 
coefficients in the sediment, and significantly reduced partition coefficient of BaP 
in feces was observed.  This increased bioavailability of BaP after processing by 
the organism could have significant consequences for BaP availability in field 
sediments.  This result needs to be confirmed with additional experimentation and 
other compounds.  These experiments need to identify if the increased availability 
is observed and if it is the result of physical and chemical changes in the 
processed sediment or due to selective feeding by the organism.   
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APPENDIX A 
CHROMATOGRAPHIC ANALYSIS 
 
All chemical concentrations were analyzed using a Hewlett Packard 1100 series 
high-performance liquid chromatography (HPLC, Hewlett Packard, Palo Alto, CA, USA) 
equipped with a UV-visible Diode array detector and fluorescence detector, an auto 
sampler and vacuum degasser. Samples were separated by a guard column (C-18 reverse 
phase column, Envirosep-pp, 30 x 3.2 mm, Phenomenex, Torrance, CA, USA) and a 
main column (C-18 reverse phase column, Envirosep-pp, 125 x 3.2 mm, Phenomenex, 
Torrance, CA, USA). All extracts ready for analysis were in acetontrile except for the 
partition coefficient measurement, where direct water samples were injected without 
transfer to acetontrile. 
The HPLC conditions are isocratic elution and the injection volume is 25 µl. The 
flow rate of the mobile phase was set at 0.5 ml/min with 70% acetontrile and 30% water. 
The temperature of the column was set at 40°C and was very stable for all measurements.  
The pressure of the column changed a little bit for different measurements, but was 
around 80 bars. UV absorbance was measured for each compound (sample signal at 250 
nm and reference signal at 360 nm). Fluorescence was also available with adjustable 
signal gains depending upon the expected sample concentrations and higher settings were 
employed when greater sensitivity was needed.  The excitation and emission wavelengths 
were set for phenanthrene (λexc=244 nm, λemiss=360 nm) and Benzo[a]pyrene (λexc=255 
nm, λemiss=420 nm). External calibration was used to establish response factors (ratio of 
peak area for a specific volume of the calibration standard to the concentration of the 
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standard) for UV and fluorescence and to correct for non-linearities. The response factor 
used in this study was the average of several response factors for individual standard or 
the slope of the response (peak area) to the standard concentration curve. The standards 
were prepared in the laboratory and all chemicals were in acetonitrile. One or two 
standards were run with each sample analysis to verify that significant deviations (i.e. 
greater than 15%) in response factor have not occurred and one “blank” (pure water) was 
run for each batch to check if the machine was free of contaminants. All concentration 
measurements from HPLC analysis were reported in either µg/L (parts per billion) or 
mg/L (parts per million) in this study. 
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APPENDIX B   
QUENCH CURVE SET UP FOR LSC 
 
All chemical activities ([3H] and [14C]) in this study were counted on a Beckman 
6000IC liquid scintillation counter (LSC, Beckman Coulter, Fullerton, CA, USA) and 
expressed as disintegrations per minute (dpm). A quench curve must be set up for each 
isotope for which dpm calculations are desired. A background quench curve may also be 
stored. This background quench curve is subtracted from the standard quench curves set 
up at the time the background quench curve is set up. Setting up a quench curve follows 
the following steps (from the operating manual of the machine): 
1. Prepare a set of standard with a known account of dpm (The standards were rent 
from Beckman) 
2. Count the standards before addition of the quench agent, using the preset counting 
program in DPM setup program in the machine. 
3. Remove any standards that are not within a statistically acceptable range 
4. Adding quenching agent to each standard 
5. Set up the DPM program on the instrument and count the quenched standards 
using the preset counting program 
6. Edit the resulting curve as necessary. 
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APPENDIX C 
  NOMENCLATURE 
Symbols 
Cs  Contaminant concentration in sediment, mg/kg dry sediment 
Cw  Contaminant concentration in aqueous phase, mg/L 
Ct  Contaminant concentration in worms’ tissue, mg/kg dry tissue 
Cwm,  Measured contaminant concentration in water, mg/L 
foc Fraction of organic carbon content in sediment or feces, g OC/g dry 
sediment 
fDOC Fraction of dissolved organic carbon content in water, mg/L 
flipid Lipid content of worm, g lipid/g dry tissue 
qmaxres  The maximum desorption- resistant capacity, mg/kg dry sediment 
Kp  Partition coefficient between sediment and water at equilibrium, L/kg 
Kpres Equilibrium partition coefficient of desorption-resistant contaminant, L/kg 
Koc  Organic carbon normalized sediment-water partition coefficient, L/kg 
Kocres Organic carbon normalized sediment-water partition coefficient of 
desorption-resistant contaminants, L/kg 
Kow  Partition coefficient between Octanol and water, L/kg 
Ksw  Partition coefficient between sediment and water, L/kg 
Klw  Partition coefficient between lipid and water, L/kg 
k  Desorption rate constant, h-1 
ks  Uptake rate coefficient from sediment, g sediment⋅g worm-1⋅ h-1  
kw  Uptake rate constant from water, L·kg-1· h-1  
kloss  Loss rate constant from water, h-1 
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ke  Elimination rate, h-1 
S  Solubility of contaminant, mg/L 
t  Time, h 
ts  Time to apparent steady state, h 
t1/2  Half life time of a contaminant, h 
t99  Time to eliminate 99% of the contaminant, h 
 
Abbreviations 
ASTM  American Society for Testing and Materials 
US EPA United States   Environmental Protection Agency 
HPLC  High performance liquid chromatography 
LSC  Liquid scintillation counting 
PAH  Polycyclic Aromatic Hydrocarbons 
TOC  Total organic carbon 
DOC  Dissolved organic carbon 
BSAF  Biota-sediment accumulation factor 
BCF  Bioconcentration factor 
ASE  Assimilation efficiency 
AE  Absorption efficiency 
IR  Ingestion rate, g sediment ⋅g tissue-1⋅d-1 
ANOVA Analysis of variance 
PHE  Phenanthrene 
BaP  Benzo[a]pyrene 
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